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Research concerning the fate and biogeochemical cycling of mercury (Hg) within 
coastal ecosystems has suggested that microbially-mediated diagenetic processes 
control Hg mobilization and that ligands with strong affinity for Hg control Hg 
partitioning between the dissolved and particulate phases. Of specific further concern 
is the likelihood that Hg sequestered in coastal marine sediments may be efficiently 
methylated to highly toxic methylmercury (MeHg), thereby placing exposed 
organisms at significant risk of MeHg bioaccumulation. We have studied total 
dissolved Hg (HgT) and methylmercury (MeHg) cycling in the sediments of the 
Penobscot River estuary in Maine, USA using a combination of equilibrium 
porewater samplers, kinetic modeling, and Hg-specific reactive gels. The Penobscot 
estuary has been subject to Hg contamination from multiple industries including a 
recently closed chlor-alkali production facility. 
Pore water depth profiles for the Penobscot estuary are divisible into kinetically 
discrete intervals with respect to both Hgr and MeHg dynamics. Modeling results 
suggest that (1) while estuary sediments act as a net sink for particulate Hg inputs 
they may simultaneously function as a source of dissolved Hg to the overlying water 
and (2) dominant MeHg production occurs at shallow sediment depths, with the sharp 
decrease in porewater Mel lg concentration observed near the sediment water 
interface (SWI) likely explained by active demethylation. Intact sediment cores were 
incubated in the laboratory under various hydrodynamic regimes to assess the extent 
to which MeHg profiles (such as those just described) are sensitive to variation in 
geochemical and/or hydrodynamic conditions. Results demonstrate that ponding 
regimes change the location of the redoxcline and affect the sediment depth at which 
maximum net methylation occurs. Moreover, induced shoaling of the redoxcline 
demonstrates the potential for heightened MeHg efflux from the sediment. This flux 
may represent a distinct aqueous phase exposure pathway for coastal biota. 
The lability of porewater and sediment Hg was further examined by deploying 
mercapto-substituted siloxane gels within estuary sediments. The resultant 
observations of low general Hg reactivity support the hypothesis that porewater Hg 
may be defined as a function of porewater ligand production, highlighting the 
importance of microbially-mediated diagenesis in controlling Hg cycling within 
estuary sediments. 
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PREFACE 
This research has arisen from my interests in anthropogenic mercury (Hg) 
pollution and the role that estuarine biogeochemistry may play in heightening or 
limiting biological access to this neurotoxic contaminant. Specifically, this research 
has sought to explore the following questions: (1) Does Hg sequestration or storage 
occur in Penobscot estuary sediments? (2) Do diagenetic or post-depositional 
transformations occur that affect the biogeochemical cycling of Hg pollution? (3) 
Does methylation of deposited Hg occur in these sediments and what manner of 
biological threat may it pose? In response to these questions, this dissertation is 
organized into 5 chapters. Chapters 1-3 present research pertaining to the 
biogeochemical cycling of Hg in Penobscot River estuary sediments. This research 
includes porewater and sediment solid phase analyses, diagenetic and speciation 
modeling and the deployment of Hg-specific reactive gels within Penobscot estuary 
sediments. Chapter 4 presents a critical review of Hg methylation dynamics as they 
are currently understood to operate in estuarine and coastal marine sediments. This 
critical review seeks to highlight our incomplete understanding of the mechanisms 
that both drive microbial Hg methylation and define where MeHg accumulates in the 
coastal marine environment. Access to such information is essential if we are to 
define strategies for the effective remediation of contaminated coastal ecosystems. 
Chapter 5 provides a brief summary of the implications of this research for Hg 
cycling in the Penobscot River estuary. 
A general overview of Hg cycling within aquatic ecosystems is included below in 
schematic form. This schematic highlights the various processes that both influence 
Hg speciation and dictate the extent to which biological Hg transfer and accumulation 
may occur. For context and background, the paragraphs following the schematic 
describe the field setting of this research. A map of the lower Penobscot River 
appears in Chapter 1 as Figure 1.1. 
The aquatic mercury cycle. Reprinted from www.usgs.gov 
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The present lower Penobscot River course is maintained within a wider pre-
glacial valley that inundated with glacio-marine mud during the last major (post-
glacial) transgression. The valley cross-section is significantly wider than the modern 
river channel and along the salt-influenced reach of the lower river the resultant 
lateral accommodation space hosts salt marsh vegetation such as Sparlina sp. The 
Penobscot River is tidal as far inland as the city of Bangor. The upper reach (Bangor 
to Winterport) of the estuary is generally narrow (< 0.75 km) with the main channel 
bottom scoured to bedrock and modest fine-grained sedimentary deposition occurring 
along riverbanks. Significant fine-grained deposition occurs principally at the mouth 
of Marsh Stream and, to a lesser extent, at the mouth of Souadabascook Stream and in 
coves south of Orrington. The mouth of Marsh Stream is marked by the presence of 
an extensive mudflat known as Frankfort Flats. Sediments deposited here are fine-
grained (with -80% < 63 (am in grain size) and enriched in organic matter (10-20% as 
defined by loss-on-ignition). 
Between Frankfort Flats and the papermill town of Bucksport the river channel 
widens (> 0.75 km), then immediately west of Bucksport the channel narrows and 
deepens significantly (-20 m), marking the location of a bedrock sill. The main 
strand of the lower river continues southward, flanked to the east by Verona Island, 
and to the west by the mainland coast. A second strand of the lower river runs 
eastward past Bucksport and the southward along the east side of Verona Island. The 
eastern strand of the lower river is defined by a shallow (< 5 m) channel flanked by 
extensive mudflats. South of Verona Island the two strands re-join and the Penobscot 
River empties into Penobscot Bay. Sediments in the Upper Bay are predominantly 
xii 
fine-grained and likely represent late-Holocene deposition and subsequent reworking 
of a glacio-marine mud known regionally as the Presumpscot Formation (Bloom, 
1963). Upper Bay sediments are also suffused with natural gas that likely originates 
from the on-going anaerobic decomposition of post-glacially inundated coastal bogs 
or marshes. 
Annual Penobscot River discharge varies seasonally between -100 m s" in the 
summer to -1000 m3 s"1 in the spring and may reach 2500 m3 s"1 during exceptional 
spring freshets (http://waterdata.usgs.gov/me/nwis/rt). As well as upriver papermill 
activity, several potential point sources of Hg pollution exist within the Penobscot 
estuary including an operating waste incinerator and a recently closed chlor-alkali 
production facility. The chlor-alkali facility operated from 1966-2000 with production 
centered on the generation of chlorine for Maine's extensive pulp and paper industry. 
Both the waste incineration and the chlor-alkali facility are/were located in the town 
of Orrington. 
xin 
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Chapter 1 
Mercury dynamics in sulfide-rich sediments: geochemical influence 
on mercury mobilization within the Penobscot River Estuary, Maine, 
USA 
A modified version of this chapter has been published in Geochimica et 
Cosmochimica Acta (2007) 71: 929-941. 
1 
1.1. Abstract 
Research concerning the fate and biogeochemical cycling of mercury (Hg) within 
coastal ecosystems has suggested that microbiaHy-mediated diagenetic processes 
control Hg mobilization and that ligands with strong affinity for Hg, such as dissolved 
inorganic sulfide (S(-II)) and dissolved organic matter (DOM), control Hg 
partitioning between the dissolved and particulate phases. We have studied total Hg 
cycling in the sediments of the Penobscot River estuary using a combination of 
equilibrium pore water samplers and kinetic modeling. The Penobscot estuary has 
been subject to Hg contamination from multiple industries including a recently closed 
chlor-alkali production facility. The Hg concentration within the estuary surface 
sediments ranges from 1.25-27.5 nmol Hg g"1 sediment and displays an association 
with sediment organic matter and a concentration maximum within 3 cm of the 
sediment-water interface (SWI). 
Porewater profiles for the Penobscot estuary are divisible into three kinetically 
discrete intervals with respect to Hg dynamics. Beginning at depth in the sediment 
and moving upward toward the SWI we have defined: (1) a zone of net Hg 
solubilization at depth, with a zero-order net Hg production rate (R gr) = 3.7 - 5.2 x 
10_20mol cm" s" , (2) a zone of net Hg consumption within the zone dominated by 
f-frr ^)A 1 1 
FeS(S) precipitation with R ' = -0.75 to -1.4 x 10" mol cm" s" , and (3) a zone of net 
diffusive transfer within the vicinity of the SWI. Zone 1 is characterized by dissolved 
S(-II) concentrations ranging from 400 to 500 uM. Equilibrium modeling in this zone 
suggests that inorganic S(-II) may play the dominant role in both mobilization of 
2 
sediment-bound Hg and complexation of dissolved Hg. In Zone 2, FeS(S) precipitation 
occurs concomitant with Hg consumption. Net transfer within Zone 3 is consistent 
with the potential for ligand-mediated Hg efflux across the SWI. S(-II)-mediated Hg 
mobilization at depth in Penobscot estuary sediments suggests a broadening of the 
depth interval over which biogeochemical Hg cycling must be examined. Our results 
also show that, while estuary sediments act as a net sink for particulate Hg inputs, 
they may also function for a considerable time interval as a source of dissolved Hg. 
1.2. Introduction 
Whereas the dominant global transport mechanism for mercury (Hg) is through 
atmospheric dispersion (Mason et al., 1994), other mechanisms increase in relative 
importance within coastal zones. Through factors including the erosion of floodplain 
soils and the traditional waterfront siting of industrial facilities, rivers serve as major 
transport conduits for both particulate matter and a range of particle-reactive 
contaminants. The potential delivery of river-borne contaminants to the coastal ocean 
is further mediated via the chemical, physical and biological interactions that occur 
within estuaries (Coquery et al., 1997). Studies of Hg transport across the estuaries of 
large, industrial rivers have demonstrated that while fluvial Hg transport may be 
significant (exceeding 3 nmol g"1 suspended sediment), Hg is effectively trapped and 
recycled within the estuarine zone (Guentzel et al., 1996; Stordal et al., 1996; Turner 
et al, 2001; Laurier et al., 2003). 
In stressing the storage potential of estuaries, it is important to consider whether 
these environments ultimately serve as long-term sinks or sources of Hg 
contamination. Specifically, it is important to assess the extent to which estuarine 
3 
storage may affect the speciation and biological availability of the introduced Hg 
pool. The relationship between storage and speciation is crucial as studies of Hg 
transfer within food webs suggest that Hg is biologically available, and that 
methylmercury (MeHg), the toxic organic species of Hg, magnifies biologically 
(Mason et al , 1996; Pickhardt et al., 2002). Moreover, as inorganic Hg (Hgj) is the 
geochemical precursor to MeHg, Hg speciation may strongly influence both the rate 
and extent to which methylation occurs (Gilmour et al., 1998). 
In coastal marine sediments it has been proposed that solid phase organic matter 
controls the partitioning of Hg between sediment and aqueous phases 
(Hammerschmidt et al., 2004; Hammerschmidt and Fitzgerald, 2006). This control is 
defined by correlations between (1) the distribution coefficient for Hgj versus total 
sediment organic matter (KDHgj versus LOI; Hammerschmidt and Fitzgerald, 2006) 
and (2) the distribution coefficient for Hgj versus the distribution coefficient for 
organic matter (KDHgi versus KDOM; Hammerschmidt et al, 2004). Following this 
model, the partitioning of Hg between sediment and aqueous phases must result from 
the partitioning of Hg-complexing organic ligands. 
Other research has documented an apparent sulfide-mediated control on 
porewater Hgi- Benoit et al. (1998) observed that along an upper-to-lower estuary 
gradient, shallow (< 4 cm) porewater Hgi increased concomitantly with increasing 
porewater S(-II). They concluded that inorganic ligands such as S(-II) influence the 
porewater Hg concentration by increasing porewater Hgr and decreasing porewater 
MeHg. As conditions within estuaries and salt marshes are conducive to the 
production of S(-II) and DOM, it is important to assess the extent to which depth-
4 
dependent variations in controlling ligands may influence the porewater concentration 
and potential bioavailability of HgT. Such work is crucial as estuaries and salt 
marshes may prove adept at facilitating geochemical transformations (i.e., 
precipitation, soluble complexation, and microbial methylation) that affect long term 
HgT storage. 
This paper examines the speciation and mobilization potential of HgT within 
sediments of the Penobscot River estuary in Maine, USA (Fig. 1.1). The Penobscot 
River drains a watershed of approximately 19,350 km2 and represents the second 
largest river system in New England (www.mainerivers.org). The lower Penobscot 
River is defined by a long narrow estuary (mean width < 0.75 km), with measurable 
tidal influence extending 35 km upriver to the city of Bangor. Annual river discharge 
varies seasonally between -100 m3 s"1 in the summer to -1000 m3 s"1 in the spring and 
may reach 2500 m3 s"1 during exceptional spring freshets 
(http://waterdata.usgs.gov/me/nwis/rt). As well as upriver papermill activity, several 
potential point sources of Hg pollution exist within the estuary, including an 
operating waste incinerator and a recently (2000) closed chlor-alkali production 
facility. Sediment Hg concentration upstream of the limit of tidal influence ranges 
between 0.25-0.50 nmol Hg g"1 dry wt. sediment (defined throughout the paper as g"1) 
(Smith, 1998), comparable with the freshwater reaches of other large New England 
rivers (Morgan, 1998; Livingston, 2000). As this sediment Hg concentration appears 
consistently across a range of New England rivers, it may represent the background 
Hg concentration resulting from riverine industrial discharge and regional 
atmospheric deposition. Surface sediment Hg concentrations in the Penobscot estuary 
5 
generally range between 1.25-27.5 nmol Hg g" with an extreme hot-spot (2300 nmol 
Hg g"1) within the chlor-alkali plant discharge zone (Morgan, 1998). As sediment Hg 
concentration exceeds, in places, 3.5 nmol Hg g" (i.e., the NOAA-defined median 
effect burden), the Penobscot estuary is a site of potential biological concern. 
1.3. Materials and Methods 
1.3.1. Sediment Solid Phase 
Three sediment cores were collected in acid-leached (2N HC1) 5 cm x 30 cm 
polycarbonate tubes from within a 10 m zone of the Frankfort Flats reach of the 
estuary in close physical proximity to porewater samplers (Fig. 1.1). Tubes were 
tapped into the sediment to full 30 cm depth and then capped and sealed in-situ. 
Sediment compaction, determined by the difference in height between the sediment 
surface outside versus within the polycarbonate tube, was < 1 cm. Retrieved cores 
were stored in N2-flushed cylinders, transported to the laboratory, and sectioned at 1 
cm intervals in an anaerobic glove box for subsequent analyses. Eight 5 cm cores 
were collected at various locations throughout the estuary (Fig. 1.1) to assess the 
spatial variability of the sediment Hg concentration. The 5 cm cores were sectioned 
into 0-1 cm, 1-3 cm, and 3-5 cm intervals. 
Total sediment Hg was determined from freeze-dried sediments by cold vapor 
atomic absorbance spectrometry (CVAAS; Perkin-Elmer FIMS-400) following 
modified EPA method 245.5 (USEPA, 1991). Briefly, 0.5 g of freeze-dried sediment 
was added to a Teflon bomb containing 10 ml of trace-metal grade HC1:HN03 







M rf i n 
D 
» *». w < \ ^ «j< . 
Frankfort Flats 
0 5 km 
Bucksport 
Verona Island 
Figure 1.1. Field sampling locations within the Penobscot River estuary, Maine, USA. 
Short cores (•) collected from depositional environments located between site of a 
former chlor-alkali facility (Orrington) and Bucksport (north of Verona Island and 
marking head of Penobscot Bay). Long cores collected and dialysis samplers deployed 
within mudflats beyond mouth of Marsh Creek (Frankfort Flats-location indicated by 
box). Site map courtesy of R. Livingston (2000) and S. Nelson (unpublished). 
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then transferred to trace-metal clean glass jars closed with Teflon-lined lids, oxidized 
for 24 h with a mixture of KMn04: K2S208, and treated with NH2OH-HCl 
immediately prior to analysis. Flow injection analysis followed quantitative sample 
reduction with acidified (3% HC1 v/v) SnCl2. All reagents used were of appropriate 
analytical grade, and all instrument tubing and filters were changed between 
analytical runs. Quality Control (QC) was verified every 10 samples to be within 5% 
of the initial QC concentration. Standard additions and sample duplicates were run 
every 15 samples and recoveries were within 5% and 6%, respectively, of the 
expected values. A standard reference material (SRM; MESS-3 marine sediment) was 
digested and run every 15 samples and recovery was consistently within 5% of the 
mean certified value (449 pmol Hg g"1). The detection limit for the instrument was 
0.25 nM and for the technique was 50 pmol Hg g"1, determined as three times the 
standard deviation of the mean of the sample blanks. 
Sediments were characterized by determination of porosity, loss-on-ignition 
(LOI), C:N ratio of sediment organic matter (Carlo Erba CHN analyzer) and sediment 
surface area (single point Brunauer, Emmett and Teller (BET) method; 
Quantachrome Monosorb). Porosity was determined by measuring weight loss of 
sediment dried at 100° C and calculated following standard methods (Covelli et al., 
1999). C:N determination was conducted following sample fuming with 12 N HC1 to 
remove solid carbonate. Replicate C and N analyses were within 4%. Surface area 
analysis was conducted following overnight sample muffling at 325° C for removal 
of organic constituents (Keil et al., 1997). Samples were run in duplicate and 
sequential runs on the same sample were always within 5%. 
8 
The reducible sediment Fe(III) (oxy)hydroxide (Feanh) content was determined by 
a dithionite extraction (Raiswell et al., 1995). One g of wet sediment was extracted 
for 2 h with 25 ml of bicarbonate-buffered dithionite (0.1 M NaHC03 + 0.1 M 
Na2S204). The extractant was then filtered (0.22 urn) and acidified prior to analysis 
for Fe by inductively coupled plasma atomic emission spectrometry (ICP-AES; 
Perkin Elmer Optima 3300XL). To assess the extent to which sectioned core intervals 
were adequately homogenized prior to extraction, a replicate analysis was conducted 
on 20% of the sectioned intervals (n = 6). Replicate Fe recovery was ± 6%. 
Acid volatile sulfide (AVS) was determined by the sealed vial diffusion method 
(Ulrich et al., 1997). Working within a N2 glove bag, 1 g wet sediment plus a 5 ml 
glass trap containing 2.5 ml anoxic 10% (w/v) zinc acetate were crimp-sealed within 
a 120 ml glass serum bottle. Ten ml of deoxygenated 2 N HCl was then injected 
through the bottle septum. All bottles were placed on an orbital shaker for 30 h and 
sulfide released through the acid extraction was collected in the zinc acetate trap and 
analyzed colorimetrically (Cline, 1969). Aliquots of the 2 N HCl extract were filtered 
(0.22 urn) and analyzed for Fe (FeAvs) via ICP-AES and for Hg (HgAvs) via cold 
vapor atomic fluorescence spectrometry (CVAFS; Tekran 2600) following addition 
of BrCl to oxidize any potentially extracted organic carbon. BrCl + HCl blanks were 
analyzed for Fe and Hg to correct results for reagent contamination. Replicate 
analysis was conducted on 20% of the sectioned intervals (n = 6). Replicate recovery 
was + 3% for Fe and ± 7% for Hg. Mean Fe recovery from commercial FeS and FeS2 
(99.9% pure; Alfa AESAR) was 90% and 0.1%, respectively, confirming that 2N HCl 
does not, to any significant extent, solubilize pyrite. S(-II) recovery from NaiS 9H2O 
9 
standards (50-500 uM) was within 10% of titrated values. The potential contribution 
of dissolved S(-II) species to measured AVS was calculated at < 7% (Rickard and 
Morse, 2005). 
Total Fe was extracted following oxidation of 0.5 g dry sediment in 8 ml of aqua 
regia and microwave digestion. Digested samples were diluted to 8% aqua regia and 
filtered (0.22 (am) prior to analysis by ICP-AES. Standard reference material (MESS-
3 marine sediment) and replicate analyses (n = 6) of homogenized samples were 
within 10% and 5%, respectively, of expected values for Fe. 
1.3.2. Pore water 
Porewater samples were collected by means of multi-chambered (5 cm3 cells on 1.5 
cm centers) equilibrium dialysis frames ("peepers"). Each frame contained 20 dialysis 
cells spaced by 0.5 cm. Frames were acid-leached (2N HC1) then rinsed by soaking 
for 2 weeks in a D.I. H20 bath in which the water was changed every 3 days. Frames 
were assembled by submerging the base plate in D.I. H2O (nominal resistivity, 18.1 
MQ cm), placing a polysulfone dialysis membrane (0.22 urn Tuffryn HT-200, 
Gelman Sciences) across the filled cells and then securing the face plate with nylon 
screws. Assembled frames were immersed in a portable tank and bubbled with N2 for 
2 weeks prior to deployment (Carignan et al., 1994). Following deoxygenation, 
frames were sealed within the tank, taken promptly to the field and pushed into the 
sediment. Deployments were conducted from mid-August to mid-September 2005 
within a mudflat located at the point of significant channel widening within the lower 
Penobscot River (Fig 1.1). Marsh Creek, a secondary tidal creek drains into the river 
at this location with peak flow from the creek estimated at <5% of peak flow from the 
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main river channel. Five dialysis frames were deployed within alOra2 area and were 
under <10 cm of water at the lowest monthly astronomical tide and ~2.5 m of water at 
the highest monthly tide. Following a 32 day deployment, frames were retrieved into 
N2-flushed containers and rapidly transferred into a portable N2 glove bag set up in 
the field. The dialysis membrane covering each cell was rinsed, perforated with an 
acid-rinsed pipette tip, and the cell contents were immediately sampled for Hgi, 
alkalinity, S(-II), SO42", Fe(II), base cations, Mn(II), pH, dissolved organic carbon 
(DOC), and DOC spectral properties (A280, A296, and fluorescence intensity). 
An assessment of site variability within the 10m study area necessitates 
balancing the requirements of porewater sample replication with the importance of 
minimizing dimensions of the dialysis frames. As it was not possible to measure all 
analytes within all frames, spatial variability was assessed by measuring S(-II) in 
three of the five dialysis frames. The remaining two frames were designated solely for 
Hg analysis. 
Porewater aliquots for Hg were preserved with 0.5 ml BrCl in the field and 
refrigerated in glass vials with Teflon-lined lids until analysis. Analysis was 
conducted by CVAFS (Tekran 2600) following EPA method 1631 and using 
NH2OH-HCI for oxidant pre-reduction and acidified SnCl2 for instrument reduction 
(USEPA, 2001a). All porewater Hg samples were analyzed under clean room 
conditions using trace metal grade reagents and following appropriate and well-
documented sample handling protocols (Mason et al., 1998; USEPA, 2001a). The 
small sample volume (5 ml per dialysis cell) precluded the running of true sample 
duplicates, although quasi-duplicates (n = 9) taken at 10-fold dilution (i.e., splitting a 
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5 ml sample into 4.5 ml and 0.5 ml aliquots and correcting output for dilution factor) 
were all within 8%, and normally within 5%, of the same value. QC was verified 
every 10 samples to be within 5% of the initial QC concentration. All reagents used 
were of appropriate analytical grade, and all instrument tubing and filters were 
changed between analytical runs. Standard reference material (ORMS-3 river water) 
recovery was always within 6% of mean certified value (62.8 pM). The detection 
limit for the technique was 0.5 pM, determined as three times the standard deviation 
of the mean of the sample blanks. 
Alkalinity (1 mL; detection limit ~ 2 mM; Sarazin et al., 1998), S(-II) (0.5 mL; 
detection limit 1 uM; Cline, 1969) and Fe(II) (1 mL; detection limit 5 uM; Viollier et 
al., 2000) were determined colorimetrically via established protocols. Sulfate was 
determined via barium gelatin turbidity (1 mL; detection limit 0.4 mM; Tabatabai, 
1974) using a spectrophotometer with a 4 cm path length cell. Base cations and 
Mn(II) (4 mL) were determined using ICP-AES. pH was measured with a portable gel 
probe (Accumet Gel Filled Combination Electrode with an Orion Model 290Aplus 
meter). To correct meter output for temperature, buffers (pH 4, 7, 10) were pre-cooled 
to the approximate pore water temperature (15° C) and the instrument's Temperature 
Compensation mode was used for calibration. DOC (2 mL; detection limit 20 uM) 
was determined using a TOC analyzer (OI Corporation 700), with spectral properties 
(2 mL) determined via UV-Vis spectroscopy (HP 8452A Diode Array) and 
excitation-emission matrix (EEM) fluorescence using a fluorescence spectrometer 
(Hitachi F-4500). 
12 
Porewater aliquots for Fe(II), sulfate, base cations, Mn(II) and DOC were 
transferred into 15 mL polycarbonate vials and acidified on-site to pH < 2 with trace 
metal grade HCl. Aliquots for alkalinity and DOC spectral properties were left at field 
pH and sealed in polycarbonate vials within the glove bag. Alkalinity and DOC 
spectral properties were measured within 3 h of sample collection as suggested by 
Sarazin et al. (1998) for alkalinity. Aliquots for S(-II) determination were stabilized in 
2 mL micro-centrifuge tubes pre-loaded with 0.5 mL of 1 M zinc acetate. 
1.3.3. Modeling 
Equilibrium speciation modeling of Hg was conducted using PHREEQC (Parkhurst 
and Appelo, 1999), with relevant equilibrium reactions given in Table 1.1. Stability 
constants were corrected for Penobscot estuary conditions of T = 15° C using the 
van't Hoff equation and an ionic strength = 0.2 M using the Davies equation. 
Complexation of Hg with dissolved organic matter (DOM) was modeled by 
considering strong (DOMs) and weak (DOMw) binding sites (Drexel et al., 2002; 
Haitzer et al., 2003). DOM concentration was defined as 2 x DOC concentration. 
Strong ligand DOM was defined as comprising reactive thiol functional groups, 
whereas weak ligand DOM was defined as comprising reactive carboxyl and phenol 
functional groups (Drexel et al., 2002). Percentage concentration of strong binding 
sites was estimated at 0.01% of measured DOM (Haitzer et al., 2003) and percentage 
concentration of weak binding sites was estimated at 10% of measured DOM (Drexel 
et al., 2002). Complexation constants for both ligand groups were taken from 
published characterizations of aquatic humic substances and peat-derived DOM 
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isolates, respectively (Drexel et al., 2002; Haitzer et al., 2003). As both porewater 
UV280 absorbance and relative fluorescence intensity correlated well with increasing 
porewater DOC concentration (R2 = 0.93 and R2 = 0.87, respectively, for our study 
site), it is appropriate to define porewater DOM in the context of aquatic humic 
substances (Burdige and Gardner, 1998; Burdige et al., 2004). 
Equilibrium modeling was conducted with the inclusion of poorly ordered FeS(S), 
meta-cinnabar and cinnabar (Table l).Meta-cinnabar, although likely undergoing 
ultimate conversion to cinnabar, may be the more common HgS(S) form in natural 
environments (Satake, 1993; Barnett et al., 1997; Ravichandran et al., 1999). 
Inorganic Hg(II) (Hgj) was calculated as Hgj = HgT - MeHg. Porewater MeHg (n = 5) 
from the Penobscot estuary increases from 2.3 to 80.7 pM with increasing sediment 
depth and accounts for 28 ± 17 % of porewater Hgx (preliminary data). 
Thermodynamic modeling therefore assumed that 70% of HgT was in inorganic form. 
This approximate percentage is consistent with results obtained in organic rich, 
moderately sulfidic sediments of western Long Island Sound in which MeHg 
accounted for 31.6 ± 12.8 % of Hgx (Hammerschmidt and Fitzgerald, 2004). 
Whether Hgi accounts for 70% or 100% of HgT, the depth-related importance of key 
Hg complexing ligands (as discussed below) does not change significantly. 
Kinetic modeling was applied to assess the post-depositional diagenetic 
mobilization of Hgx within the estuary sediments. Specifically, the computer code 
PROFILE (Berg et al., 1998) was used to model the vertical distribution of porewater 
species via a 1-D mass conservation equation: 
V dt
 Jz dz 
r 0(Ds+Dh)^\ + a{0Cw -</>C) + Rnel (1) 
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where C (mol cm"3) is the porewater species concentration, z is depth (positive 
downward from the SWI), / (s) is time; </> is sediment porosity, Ds (cm s" ) is the 
compound-specific molecular diffusion coefficient corrected for temperature and 
7 1 1 
sediment tortuosity, D\, (cm s" ) is the sediment bioturbation coefficient, a (s" ) is the 
sediment bioirrigation rate coefficient, Cw (mol cm" ) is the concentration of the 
species in the overlying water, and Rmt (mol cm"3 s"1) is the net zero-order rate of C 
production or consumption per unit volume under study. Rnet may range from 
positive (production to porewater) to negative (consumption from porewater), and 
will vary as a function of depth-specified model input values (Table 1.2). 
In Eq. (1), Z)j is a component of an overall diffusion term, as the physical mixing 
of sediment by benthic infauna is both random in direction and operating on a scale 
that is small relative to the magnitude of advective transport terms (Berg et al., 2001). 
In fine-grained marine sediments with low to moderate infaunal density, Dt, may 
approximately equal A(Ostlund et al , 1989; Berg et al., 2001). The bio-irrigation 
rate coefficient, a, is an explicit function of infaunal behavior and allows correction 
for the solute pumping activity of tube-dwelling organisms. In both marine and 
freshwater sediments, depth-specific a (az) has been calculated as a decreasing 
exponential function of surface a (a0) (Furukawa, 2000; Gallon et al., 2004), with a0 
varying between ~ 10"7-10"6 s"1 as a function of infaunal density and grain size 
(Matisoff and Wang, 1998; Koretsky et al, 2002; Gallon et al., 2004). Utilizing the 
exponential function approach, a depth-dependent bio-irrigation profile may be 
generated as: 
a, = a0 exp{- atz\ (2) 
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Table 1.2. Constants and terms for PROFILE modeling. 
Input 













free solute diffusivity in water (15° C) 
4.8 x 10"6cm2s"' 
12.6 x 10"6cm2s"' 
5.5 x 10" cm s"1 
2.6 x lO^cmV 
5.0 x 10"6 cm2 s"1 
bioturbation coefficient 
5 x 10'6 cm2 s"1(b) 
sediment porosity 
(j) = 1 in overlying water 
(j) = 0.75 at SWI 
<\> determined from field data below SWI 
sediment diffusivity 
Ds = 4>2DW 
depth specific bio-irrigation coefficient 
5 x l 0 - V ( d ) 




Lead etal., 2000 
Hines et al., 2004 




Koretsky et al., 2002 












Net Reaction Rate: HgT 
0 
-0.75 to -1.4 x 10"20 (net consumption) 
3.7-5.2 x 10"20 (net production) 
2.1-4.3 x 10"4 
0.95-1.9 x 10"'° 
mol cm" s" 
mol cm" s" 
mol cm" s" 
3 , - ] -1 
cm mol s 
- i 
s 
Suwannee River Fulvic Acid; chosen as a model low molecular weight organic 
Typical value for fine-grained marine sediments; infaunal density at study site 
estimated at ~ 2000 organisms m" ; dominated by Scolecolepides viridis. 
cocz= a0exp{-c<jz} for the assumption of exponential decline in a with depth. 
As calculated for ponded marsh sediments. 
Exponential decay coefficient assuming moderate infaunal density. 
2nd-order porewater production rate for HgT at depth >13.5 cm. 
8
 Estimated lst-order porewater production rate for HgT at depth >13.5 cm. 
igand. 
17 
with a0 = 5 x 10" s" as determined for ponded, fine-grained marsh sediments 
(Koretsky et al., 2002) and ah the bio-irrigation decay constant, defined as 0.5 cm"1 
(Wang and Van Cappellen, 1996; Furukawa, 2000) to reflect the moderate organism 
density within the Penobscot study site (Table 1.2). The relative sparseness of the 
benthic community both in terms of number of organisms and community 
composition, is consistent with observations that the density of benthic infauna is 
often lower in estuaries than in fresh or marine waters (Chapman and Wang, 2001). 
In implementation, PROFILE adopts a control volume approach by initially 
dividing the sediment column into discrete horizontal sections. For each section, 
model input values (Table 1.2) provided for discrete sediment depths, are 
harmonically smoothed to create integrated depth profiles. Using these profiles, a set 
of appropriately defined boundary conditions for the solute of interest, and initially 
guessed values for Rmt, PROFILE generates an interpolated solute concentration 
profile. As that generated profile is a smoothed version of the input concentration 
data, a sum of squared errors routine then minimizes differences between the 
generated versus input data by varying Rnet. Model output involves the statistical 
resolution of a minimum number of production and consumption zones that explain 
the depth-distribution of the input data. For analytes for which multiple porewater 
profiles exist, further assessment defines the minimum number of production and 
consumption zones that explain all collected profiles. 
Modeling porewater dynamics with PROFILE assumes the absence of significant 
advective flux and that the system is at, at least, quasi steady-state (i.e., dCldi ~ 0). 
Although steady-state assumptions may not be strictly valid for environments subject 
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to variations in salinity, bottom water dissolved 02 , or temperature, diagenetic models 
such as PROFILE have allowed exploration of the depth-specific parameters that 
facilitate either sequestration or mobilization of sediment contaminants (Meile et al., 
2001; Gallon et al., 2004). 
t .4. Results and Discussion 
1.4.1. Sediment Solid Phase 
Hg concentration in the top 5 cm of Penobscot River estuary sediments ranges from 
1.20 to 27.5 nmol Hg g"1, increasing with increasing sediment organic matter content 
(Fig. 1.2A). Replicate 30 cm cores collected from the Frankfort Flats exhibit a Hg 
concentration that increases from 3.0 ± 0.2 nmol Hg g"1 at the SWI, to a maximum at 
2-3 cm (4.9 ± 0.7 nmol Hg g"1), then decreases with depth to the observed regional 
background levels (0.2 ± 0.02 nmol g"1) by 21 cm (Fig. 1.2B). Both sediment surface 
area (10.9 ± 1.4 m2 g"1), a proxy for grain size, and sediment organic matter C:N (19.0 
±1.9) are consistent throughout the core, suggesting little temporal variations in 
organic source inputs or system hydrodynamics that may have influenced historic Hg 
storage capacity. The relatively high molar C:N ratio throughout the core may be 
attributed to the terrestrial origin of sequestered sediment organic matter (Cifuentes, 
1991). 
Total Fe (FeT) of 341.7 ± 31.6 umol FeT g"1 and AVS-extractable Fe (FeAvs) of 
170.4 ± 24.6 umol FeAvs g"1 are relatively invariant with depth. Fedith displays a 
surface maximum accounting for 6.1% of Fei, and diminishing with depth to < 1% 
FeT by 6 cm and <0.1% Fex at 30 cm. AVS increases from 0.5 umol AVS g"1 at the 
SWI to 35.1 umol AVS g"1 by 6 cm and 53.4 umol AVS g'1 at 30 cm. 
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1.4.2. Porewater Thermodynamics 
Depth distributions of dissolved Mn(II), Fe(II), and S(-II) exhibit the characteristic 
redox zonation (Maier et al., 2000) seen with increasing depth in sediments (Fig. 1.3; 
Mn data not shown). Dissolved Fe(II) appears immediately below the SWI and 
reaches a maximum concentration at a depth of 3.5 cm. S(-II) appears within 3-4 cm 
of the SWI, increases modestly over the top 5 cm of its range, then increases sharply 
with depth. Due to the availability of SO42" in the overlying water (6-10 mM 
depending on tidal stage), microbial respiration coupled to the mineralization of 
abundant sediment organic matter likely proceeds through some extent by S04 " 
reduction (Howarth and Giblin, 1983). The ratio of alkalinity generation (AAlk = 8.77 
mM) to SO42" reduction (AS042"= -4.29 mM) with increasing depth from the SWI to 
22 cm yields a nearly 2:1 relationship and supports the following stoichiometry for 
carbon mineralization at this field site: 
S042" + 2<CH20> + H+ -> 2C02 + HS" + H20 (3) 
The increase in DOC concentration with depth is well correlated with increasing 
alkalinity (R2 = 0.96), A28o (R2 = 0.93), A296 (R2 = 0.97) and fluorescence intensity at 
Ex/Em = 328/450 (R2 = 0.87) (Fig. 1.4). The structurally condensed fluorophore at 
Ex/Em = 330/450 has been associated with low molecular weight fulvic acids (Merritt 
and Erich, 2003; Cory and McKnight, 2005) and refractory, diagenetically altered 
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Figure 1.2. Spatial and depth variation in sediment Hg concentration for sampling sites in the Penobs 
Estuary. (A) Sediment Hgr (defined per gram dry wt. sediment) as a function of sediment organic ma 
(defined as %LOI) from eight 5 cm cores collected throughout the Penobscot River estuary. (B) Mean 
(defined per gram dry wt. sediment) ± 1 SD (•) from three replicate 30 cm long cores collected from 
210T Flats reach of the Penobscot River estuary and Hg accumulation rate (J) as estimated from Pb and 
Accumulation rate calculation based on estimated deposition rate of 1 mm y"1 at the Frankfort Flats st 
determined from 210Pb and 137Cs data) and mean sediment Hg concentrations defined for cm scale dep 
210Pb and 137Cs data presented in the Appendix. Left hand y-axis and bottom x-axis correspond to sed 
and sediment total Hg concentration, respectively. Right hand y-axis and top x-axis correspond to dat 
accumulation rate, respectively. 
Figure 1.3. Porewater profiles and diagenetic modeling. Diagenetic porewater 
profiles for Fe(II) (A) and S(-II) (B); (o) is field data; solid gray line represents 
PROFILE model profile; light black line indicates model zone differentiation and 
net reaction rates; horizontal dashed gray line denotes sediment water interface; 
vertical dashed component of model zone differentiation represents PROFILE zone 
where interpretation was limited by the low concentration and thus data resolution of 
either Fe(II) or S(-II) profiles. Fe(II) profile represents data from a single dialysis 
sampler; S(-II) data represents mean ± 1 SD for porewater aliquots collected from 
replicate (n = 3) dialysis samplers deployed within a 10 m2 zone of the Frankfort 
Flats; Coefficients of variance for mean depth-specific S(-II) values vary by <10%; 
PROFILE modeling was conducted on each S(-II) profile; as there was no 
significant difference between model output zones for individual S(-II) porewater 
profiles, model data are presented here for the S(-II) profile collected from the same 
dialysis sampler as used to collect the Fe(II) profile. R2 values correspond to 
statistical resolution of a minimum number of production and/or consumption zones 
that define modeled depth profile. 
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Figure 1.4. Depth-dependent DOC spectral properties plus alkalinity as a function of 
DOC concentration. The left hand Y-axis is defined as RU = relative intensity units 
(absorbance or fluorescence); A2go (•), A296 (o), Ex/Em at 328/450 [x 102] ( T ) . The 
right hand Y-axis is alkalinity (•). 
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DOM (Burdige et al., 2004). This association, in concert with absorbance data, 
suggests that porewater DOC displays similar structural composition throughout the 
profile. 
Porewater HgT (Fig. 1.5) generally increases with depth. HgT concentration is 40-
50 pM immediately above the SWI and increases by approximately a factor of five 
over the depth of the porewater profile. Equilibrium modeling with PHREEQC 
suggests that while Hg-DOM complexes may dominate equilibrium speciation in the 
absence of measurable S(-II) (i.e., at <10 nM S(-II) under given conditions), aqueous 
Hg-S(-II) species clearly dominate below a depth of 3-4 cm. 
1.4.3. Porewater Kinetics 
1.4.3.1. Fe(II) 
PROFILE modeling of porewater Fe(II) (Fig. 1.3A) suggests the presence of two 
depth-dependent zones: a zone of net Fe(II) production within the top 6.5 cm of the 
sediment column and a zone of net Fe(II) consumption below 6.5 cm depth. Fe(II) 
production within the top 6.5 cm has a zero-order net production rate R^((/7) = 0.74 x 
10"13 mol cm" s" , and is likely the result of the microbially-mediated reductive 
dissolution of Fe(III) (oxy)hydroxides (Lovley, 1991). Within the zone of net Fe(II) 
consumption, with R'neJ'!) = -0.22 x 10"13 mol cm"3 s'\ the dominant mechanism 
responsible for porewater Fe(II) removal is precipitation as FeS(S) (Thamdrup et al., 
1994). Equilibrium modeling supports the precipitation of FeS(S) within this zone as 
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Figure 1.5. Porewater profiles and diagenetic modeling for HgT. Diagenetic porewater 
profiles for replicate dialysis samplers (A-B); (o) is field data; solid gray line represents 
PROFILE model profile; the dashed component of the solid gray line highlights the 
zone designation in which diffusive transport dominates transport; light black line 
indications model zone differentiation and net reaction rates; horizontal dashed gray line 
denotes sediment water interface. R2 values correspond to statistical resolution of a 




the system reaches saturation (saturation state [O] 
(1APX 
\ K>P J 
1) with respect to 
FeS(S) at a depth of 6 cm. The IAP and Ksp refer to the ion activity product and 
solubility product, respectively, of a precipitating phase. 
1.4.3.2. S(-II) 
The porewater S(-II) profile (Fig. 1.3B) includes one principal zone of net 
consumption at 7.5-11.5 cm depth with R^,-//)= -2.68 (± 0.18) x 10"13 mol cm"3 s"1, 
and one principal zone of net S(-II) production at 11.5-14 cm depth with Rf(_//)-
" net 
3.01 (± 0.25) x 10"13 mol cm"3 s"1. The consumption zones for S(-II) and Fe(II) 
coincide. S(-II) is produced through microbial sulfate reduction and consumed via 
both precipitation as mono- or poly-metal sulfides and surface attack on Fe(III) 
(oxy)hydroxides (Pyzik and Sommers, 1981). As the net rate of S(-II) consumption 
exceeds the net rate of Fe(II) consumption within the overlapping consumption depth 
interval (Fig. 1.3A-B), direct attack on solid Fe(III) and/or FeS2 formation likely 
function as significant S(-II) sinks. The net S(-II) consumption rate at <7.5 cm depth 
(R«ir")= -0.18 x 10"13 mol cm"3 s"1) decreases due to the low concentration of S(-II) 
in this zone. 
1.4.3.3. HgT 
Hgx concentration increases with depth over the range 60-180 pM and 90-300 pM for 
replicate porewater samplers (Fig. 1.5). Whereas the absolute Hg concentration varies 
between replicate porewater profiles, the relative location of the production versus the 
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consumption zone boundaries are consistent with the existence of three discrete zones 
(Fig 1.5; Table 1.2). At depth > 13.5 cm, Hgx profiles exhibit a net porewater HgT 
production with RWs' = 3.7 * 10"20 to 5.2 * 10"20 mol cm"3 s"1. At intermediate 
sediment depth (6.5-13.5 cm), Hgi profiles exhibit a net porewater consumption with 
RHKT - -0.75 x 10"20 to -1.4 x 10"20 mol cm"3 s"1. Within the top 6.5 cm the data 
mil 
indicate a nearly linear decrease in porewater HgT upward toward the SWI. In this 
case, constant, suggesting that in the absence of significant bio-irrigation, 
specific HgT production and consumption rates are insignificant, and therefore, R Hg w 
0 in Eq. (1). Thus, we propose that the dominant mechanism responsible for the 
observed HgT porewater gradient within the top 6.5 cm is diffusive transport toward 
the SWI. 
Mechanisms responsible for observed porewater Hg profiles may be explored in 
terms of geochemically-mediated processes, especially those involving ligand 
complexation. As diagenetic terms calculated by PROFILE are composite values 
accounting for both HgT production and consumption within each defined depth zone, 
it is important to stress that ligand-mediated HgT production occurs concomitantly 
with consumption within all zones. Although the inclusion of specific terms will vary 
with zone, an overall theoretical rate equation for HgT porewater cycling may take the 
form: 
*"* = kZT {- &-Hsh *£"> \r HglS(-nj\+k™ {- Hg}[DOM}-
-C^MOfeM ' I A P » , s ^ 




where {= Fe — Hg} corresponds to the sediment concentration of the Hg bound to 
Fe(III) (oxy)hydroxide phases that may be released via the microbial reductive 
dissolution of FeOOH (Laurier et al , 2003), {= Hg} corresponds to the concentration 
of the solid phase Hg that may be released due to interaction with ligands, [DOM] 
corresponds to the concentration of porewater dissolved organic ligand, {= FeS(ppi)\ 
corresponds to the reactive surface of freshly-precipitated FeS(S), and IAPHgs and Ksp 
correspond to the ion activity product and solubility product, respectively, of a 
precipitating HgS(S) phase. The formulation of the final term suggests that the rate of 
HgS(s) precipitation is a function of the degree of over-saturation with respect to this 
phase (Meysman et al., 2003). Rate constants in Eq. (4) are pseudo first-order for Hg 
release via microbially-mediated Fe(III) reduction (k^sf0H), second-order for S(-II)-
mediated Hg release (k^~JI)), DOM-mediated Hg release (k®°sM), and Hg removal 
by freshly-precipitated FeS(S) (k^rface), and zero-order for the precipitation of HgS(S) 
(O-
At depth >13.5 cm we hypothesize that the observed net porewater Hgj 
production is mediated by porewater ligands. If we assume (1) that there is minimal 
Hgi production as the result of FeOOH reduction at these depths in the sediment and 
(2) that the FeS(S)-mediated consumption rate is low in comparison to the net Hgx 
production rate, the overall rate equation may simplify to 
K^R^-^T^HglDOMhtr'^HglSi-II)] (5) 
Although FeOOH reduction may still be occurring at depth within these sediments, 
the porewater Fe(II) concentration is limited to < 0.5 uM by the solubility of FeS(s). 
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Moreover, research has observed both that significant SO4 " reduction likely limits 
biotic Fe(III) reduction (Wang and Van Cappellen, 1996; Koretsky et al., 2003) and 
that abiotic S(-II)-mediated FeOOH reduction is a surface reaction generating FeS(S) 
rather than porewater Fe(II) (Pyzik and Sommer, 1981). If FeOOH reduction were 
responsible for significant Hgi production in Penobscot estuary sediments this effect 
would be especially evident in sediments at < 6.5 cm depth, where Fe(II) production 
does not appear to generate significant porewater HgT. 
If significant Hgx consumption by FeS(S) precipitation occurs at depth > 13.5 cm 
then the zero-order rate of Hgi consumption (R"0gm) may also be expressed as 
l>Mg
 N RFe(Il) /gx 
ivcom ivAVSiyppt V°J 
where NAVS is the mean HgAVs:FeAvs molar ratio at depth > 13.5 cm equal to 1.1 (± 
0.3) x 10"8. Considering that R^P « R^'n = 0.74 x 10"13 mol cm"3 s"1 at < 6.5 cm 
depth, and using this as an upper limit for R^P at depth > 6.5 cm, then an upper 
limit for the FeS(S) precipitation rate at depth > 13.5 cm may be estimated as 
RW» = j£;</7> - R^p = -0.96 x 10"13 mol cirfY1. Substituting *£<"> into Eq. (6), 
Room ~ "1-1 x 1021 m ° l c m 3 s ' ' which is at least an order of magnitude lower than 
R"f, for this depth zone (Table 1.2), supporting the elimination of this term from the 
simplified rate equation. The absence of significant HgT sink terms at depth > 13.5 
cm is further supported by the system's under-saturation with respect to the more 
soluble meta-cinnabar (Q < 0.04). Further simplification of Eq. (5) requires 
attributing dominant ligand-mediated porewater HgT production to DOM or S(-II). 
While research has documented the role that DOM plays in HgS(S) dissolution, 
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relevant dissolution rate constants were generated from either well-oxygenated 
incubations (Waples et al, 2005) or under agitated conditions (Ravichandran et al., 
1998). Moreover, laboratory dissolution experiments have shown that the rate of 
DOM-mediated HgS(S) dissolution decreases by 2-3 orders of magnitude under 
quiescent conditions compared to agitated conditions (Ravichandran et al., 1998). 
Numerically, a direct comparison may be assessed as follows: the modeled 
production rate of 3.7 - 5.2 x 10~20 mol Hg cm"3 s"1 at depth > 13.5 cm (Table 1.2, 
Fig. 1.5) may be expressed in terms of the total available solid phase HgT pool as ~4 
x 10"13 mol Hg g"1 HgSed s"1, considering ~ 0.38 nmol Hg g"1 with § = 0.65 and psed = 
2.65 g cm"3. This production rate is significantly greater than the DOM-mediated 
HgS(S) dissolution rate of <2 x 10"15 mol Hg g"1 HgS(s) s"1 (Ravichandran et al., 1998) 
for quiescent conditions and DOC extracts of comparable concentration and spectral 
properties to Penobscot porewater DOC. The dissolution rate calculated from 
Ravichandran et al.'s (1998) data is a maximum value, as in the absence of system 
agitation Hg release from HgS(S> was below the instrumental detection limit (2.5 nM). 
Although this comparison of dissolution kinetics for laboratory synthesized HgS(S) 
versus sediment-sequestered HgT is imprecise, there is little published research that 
specifically addresses the ligand-mediated solubilization kinetics of solid-phase Hg 
species. 
These observations suggest that DOM may not significantly influence porewater 
Hg production at depth in these sediments. Rather, we propose that porewater S(-II) 
acts to enhance Hg dissolution through surface attack on Hg associated with the 
particulate organic matter pool. The likelihood of S(-II) ligand control on porewater 
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Hg is consistent with observations that dissolution rate constants for metal-ligand 
surface complexes are well correlated with the formation constants of their equivalent 
aqueous complexes (Ludwig et al., 1995). Table 1 contrasts the significant difference 
between published complexation constants for Hg with porewater S(-II) and DOM. 
The potential role of S(-II) in stable Hg complexation has been further supported by 
research using competitive ligand exchange to demonstrate the stronger binding of 
Hg(II) by S(-II) than by peat-derived DOM (Hsu-Kim and Sedlak, 2005). On the 
basis of field data as well as published evidence of stable Hg(II)-S(-II) complexation 
(Benoit et al, 1999; Haitzer et al., 2003; Hsu-Kim and Sedlak, 2005), we propose that 
the zero-order rate term calculated by PROFILE is a function of S(-II)-mediated Hg 
complexation. 
If DOM-mediated dissolution is insignificant within the zone of net HgT 
porewater production (> 13.5 cm), simplification of Eq. (5) allows calculation of a 
second-order rate constant for S(-II)-mediated dissolution of solid phase Hg. This 
estimation uses an average concentration of S(-II) = 450 uM and {= Hg) = 0.38 nmol 
1 ^ 
Hg g" (with <|> = 0.65 and psed = 2.65 g cm" ), and assumes that all solid phase Hg is 
equally available for S(-II)-mediated solubilization. Second-order rate constant 
estimates for net HgT production at depth > 13.5 cm range from 2.1 - 4.3 x 10"4 cm3 
molds'1. If S(-II) exists in excess of the available solid phase Hg, a pseudo first-order 
rate constant for the S(-II)-mediated dissolution of Hg can be estimated as 0.95 -1 .9 
x 10'10s"!. Whereas some fraction of buried Hg is likely to be occluded and thus 
unavailable for ligand-mediated attack, the first-order dissolution rate suggests a 
characteristic dissolved HgT production time on the order of >102 years. 
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Within the zone of net Hgj porewater consumption (6.5- 13.5 cm), potential sink 
terms include precipitation as HgS(S) and sorption to newly precipitated FeS(S) [Eq. 
(4)]. Although Hgx consumption in this zone is supported by transition from over-
saturation (Ci > 6 at 5 cm) to under-saturation (Q < 0.1 at 11 cm) with respect to 
cinnabar, Benoit et al. (1999) have questioned the likelihood of HgS(S) precipitation in 
the presence of reactive FeS(S). That HgAvs represents a small but consistent fraction 
(0.53 ± 0.19%) of solid phase Hg across this depth interval, coupled with evidence of 
FeS(s) precipitation, suggests that Hg lost from this depth increment is most likely 
associated with the new FeS(S). This conclusion is consistent with published 
laboratory experiments suggesting that the seawater environment renders Hg more 
likely to co-precipitate or associate with the surface of FeS(S) than precipitate as a 
discrete HgS(S) phase (Morse and Luther, 1999). 
We stress that while our diagenetic model has focused on HgT, net consumption 
within this zone likely includes both Hgj and MeHg. Although methylation inhibition 
has been proposed in the presence of S(-II) (Gilmour et al., 1998; Ravichandran, 
2004), other researchers have observed a modest increase in porewater MeHg across 
a range of dissolved S(-II) concentrations (10-60 uM) (Langer et al., 2001; King et 
al., 2002). Moreover, that AVS has been correlated with sediment MeHg (Gagnon et 
al., 1996; Mason and Lawrence, 1999) supports the hypothesis that precipitated FeS(S) 
may function as a sequestering phase for both Hgi and MeHg in this system. 
Within the upper 6.5 cm of the sediment in which R ^ « 0, the diffusive flux 
1 x
 net 
across the SWI may be calculated using the porosity-corrected version of Fick's first 
law with the diffusion coefficient for Hg defined by the limiting diffusivity of the 
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potential complexing ligand. If we assume that Hg transport across the SW1 is in the 
form of Hg-DOM complexes, then DDOM ~ 2.5 x 10"6 cm2 s"1 (T and I corrected 
diffusion coefficient for a representative low molecular weight aquatic fulvic acid; 
Lead et al., 2000), and for ty = 0.75, the HgT efflux = 36.9 -95.7 x 10"9 mol m2 d"1. 
Flux from depths > 6.5 cm (i.e., from the zone of net HgT consumption) into the 
upper zone of diffusive transport may be calculated similarly, assuming (j> = 0.65 and 
that diffusivity is limited by the size of the dissolved Hg-S(-II) complex (Reddy and 
Aiken, 2001). With DHg ~ 5.5 * 10~6 cm2 s'1 (Boudreau, 1997), HgT efflux = 64.3 -
101.2 x 10"9 mol m"2 d"1. The similarity in mass-flux terms across the uppermost 
sediment zone supports the hypothesis of dominantly diffusive transport through this 
depth interval. 
1.5. Implications 
Although the ligand-mediated rate of porewater Hg production appears slow in these 
sediments, the enhanced solubility of sediment Hg in the presence of S(-II) implies 
that in low-deposition rate environments the sediment depth over which critical 
biogeochemical Hg processes occurs may need expanding. In the sediments of the 
study reach of the Penobscot estuary, for example, ligand-mediated complexation at 
depth > 13 cm generates the porewater Hg gradient responsible for an upwardly 
directed diffusive Hg flux. 
The porewater Hg pool may be small relative to either the total sediment Hg 
concentration or that fraction that may be mobilized with sediment re-suspension, 
however it defines a soluble Hg fraction with heightened potential bioavailability. At 
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a sediment depth of 13 cm, the characteristic diffusion time to reach the SWI may be 
estimated by L /2<t>DHg as 0.75 yr. As sedimentation at the Penobscot estuary site has 
been estimated at ~1 mm yr"1 (data presented in the Appendix), S(-II)-mediated 
release suggests that while estuaries may on the large scale serve as significant 
particulate Hg sinks, they simultaneously function via porewater geochemical 
transformation as long term dissolved Hg sources. 
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Chapter 2 
Methylmercury cycling in estuarine sediment porewaters (Penobscot 
River Estuary Maine, USA) 
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2.1. Abstract 
Particulate mercury (Hg) sequestered in coastal marine sediments may be efficiently 
methylated to highly toxic methylmercury (MeHg), thereby placing exposed 
organisms at significant risk of MeHg bioaccumulation. The Penobscot River estuary 
in Maine, USA, has been subject to Hg contamination from multiple industries 
including a recently closed chlor-alkali production facility. Porewater depth profiles 
for the mid-estuary region are divisible into kinetically-discrete intervals with respect 
to MeHg dynamics. Dominant MeHg production occurs between -2-1 cm depth 
(Zone B), with a zero-order net MeHg production rate of 0.35 - 1.1 x 10"20 mol cm"3 
s"1. At shallower sediment depths (Zone A), the dominant mechanism likely 
responsible for the observed sharp decrease in dissolved MeHg is demethylation. A 
minimum demethylation rate is estimated as 4.5 - 6.5 x 10"19 mol cm"3 s"1 (kd~ 1.1 
d"1). At depth > 7 cm, sediments demonstrate a significantly decreased net 
methylation rate that may be explained, in part, by inorganic Hg speciation. Intact 
sediment cores were incubated in the laboratory under various regimes to assess the 
extent to which variation in dominant geochemical parameters influences in situ Hg 
methylation. Results demonstrate that the ponding regime changes the location of the 
redoxcline and affects the sediment depth at which maximum net methylation occurs. 
Moreover, induced shoaling of the redoxcline demonstrates the potential for 
heightened MeHg efflux from the sediment. This flux represents a distinct aqueous-
phase exposure pathway with negative implications for coastal biota. 
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2.2. Introduction 
The methylation of inorganic mercury (Hgj) poses acute environmental concern as 
methylmercury (MeHg) is highly neurotoxic and known to biomagnify in both 
terrestrial and marine food webs. Recent studies examining Hg cycling in marine 
ecosystems have highlighted the particular concerns posed by Hg sequestration and 
cycling in estuary sediments (Benoit et al., 1998; Hines et al., 2006; Lambertsson and 
Nilsson, 2006). That is, through factors including the availability of porewater sulfate 
(SO4 "), an abundance of labile sedimentary organic matter, and sharp redox gradients 
within the vicinity of the sediment water interface (SWI), estuary sediments may 
demonstrate an enhanced potential to methylate and, at least temporarily, store MeHg. 
Moreover, as coastal marine foodwebs are closely coupled to the sedimentary 
environment (Locarnini and Presley, 1996), and sediment porewaters are frequently 
enriched in MeHg relative to overlying water (Benoit et al., 1998; Choe et al., 2004), 
MeHg uptake by benthic and epibenthic invertebrates may present a significant and 
direct MeHg transport pathway to pelagic organisms. 
It has been proposed that the presence of oxic or suboxic surface sediments may 
hinder the direct diffusive flux of MeHg across the SWI (Gagnon et al., 1996). This 
limitation on MeHg efflux from sediment porewater may result from either sorption 
to sediment solid phases in the vicinity of the SWI or an enhanced net MeHg 
demethylation within the same shallow depth increment. Regardless of specific 
mechanism, this model suggests that the potential for dissolved MeHg efflux from the 
sedimentary environment increases under conditions that allow the vertical migration 
of the oxic-anoxic boundary (i.e., the redoxcline) toward the SWI. 
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In this paper we apply diagenetic modeling to mechanistically examine MeHg 
cycling within sediment porewaters of the Penobscot River estuary in Maine. As the 
processes responsible for methylation of Hgj and demethylation of MeHg frequently 
overlap both spatially and kinetically, the extant porewater MeHg concentration 
defines an approximate dynamic equilibrium between generation and consumption 
terms that is amenable to diagenetic interpretation. Using sediments from a well-
characterized field site we also incubate large diameter cores under various ponding 
regimes to assess the extent to which variation in dominant geochemical parameters 
influences in situ Hg methylation. Specifically, this experiment tests the hypothesis 
that manipulation of the redoxcline depth influenced the sediment depth at which 
maximum net methylation occurs. 
The lower Penobscot River is defined by a long narrow estuary (mean width < 
0.75 km), with measurable tidal influence extending 35 km upriver to the city of 
Bangor. As well as upriver papermill activity, several potential point sources of Hg 
pollution exist within the estuary, including a recently (2000) closed chlor-alkali 
production facility. Sediment total Hg concentration upstream of the limit of tidal 
influence is < 0.50 nmol Hg g"1 dry wt. sediment (defined throughout the paper as g"1) 
comparable with the freshwater reaches of other large New England rivers (Morgan, 
1998). Surface sediment total Hg concentrations in the Penobscot estuary range 
between 1.25 and 27.5 nmol Hg g"1 (Merritt and Amirbahman, 2007a) with an 
extreme hot-spot (2300 nmol Hg g"1) within the chlor-alkali plant discharge zone 
(Morgan, 1998). Sediment MeHg has not been systematically measured upstream of 
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the limit of tidal influence, although surface sediments within the Penobscot estuary 
range between 0.01 and 0.5 nmol MeHg g"! (Livingston, 2000). This concentration 
represents 0.9-2.8 % of surface sediment total Hg within the estuary. 
2.3. Materials and Methods 
2.3.1. Sediment Solid Phase 
Sediment cores were collected in acid-leached (2N HCl) 5 cm x 30 cm polycarbonate 
tubes from within a 10 m2 zone of the Frankfort Flats reach of the mid-estuary in 
close physical proximity to porewater samplers, as described previously. Total 
sediment Hg was determined from freeze-dried sediments by cold vapor atomic 
absorbance spectrometry (CVAAS; Perkin-Elmer FIMS-400) following modified 
EPA method 245.5 (USEPA, 1991). Standard additions and sample duplicates were 
run every 15 samples and recoveries were within 4% and 7%, respectively, of the 
expected values. Recovery from a standard reference material (MESS-3 marine 
sediment) was consistently within 5% of the mean certified value (449 pmol Hg g"1). 
The detection limit for the instrument was 0.25 nM and for the method (MDL) was 50 
pmol Hg g"1, determined as three times the standard deviation of the mean of the 
sample blanks. 
Total sediment MeHg was determined from frozen sediments by cold vapor 
atomic fluorescence spectrometry (CVAFS; Tekran 2500) following modified draft 
EPA method 1630 (Bloom et al., 1997; USEPA, 2001b). Sample preparation involved 
acidified extraction into CH2CI2, ethylation, gas chromatographic separation 
(HP5890), and thermal decomposition. Standard addition and sample duplicate 
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recoveries were within 25% and 15%, respectively, of the expected values. Standard 
reference material (IAEA-356 sediment) recovery was within 20% of the mean 
certified value (27.2 pmol Hg g"1). The MDL was 0.3 pmol g"1. 
Sediments were further characterized by determination of porosity, loss-on-
ignition (LOI), C:N ratio of sediment organic matter, sediment surface area and a 
range of geochemical parameters as described previously. The reducible sediment 
Fe(III) (oxy)hydroxide (Fedjth) content was determined on each increment by a 
dithionite extraction (Raiswell et al., 1995) with analysis conducted by inductively 
coupled plasma atomic emission spectrometry (ICP-AES; Perkin Elmer Optima 
3300XL). Replicate analysis was conducted on 20% of the sectioned intervals (n = 6) 
and replicate Fe recovery was ± 7 %. 
2.3.2. Porewater 
Porewater samples were collected by means of close interval multi-chambered (2.5 
cm3 cells on 0.75 cm centers) equilibrium dialysis frames ("peepers") as described 
previously. Briefly, each frame contained 20 dialysis cells spaced by 0.25 cm. Frames 
were acid-leached (2N HC1) then rinsed by soaking for 2 weeks in a D.I. H2O bath in 
which the water was changed every 3 days. Frames were assembled by placing a 
polysulfone dialysis membrane (0.22 urn Tuffryn HT-200, German Sciences) across 
the filled cells and then securing the face plate with nylon screws. Assembled frames 
were immersed in a portable tank and bubbled with N2 for 2 weeks prior to 
deployment. Frames designated for total Hg (Hgj) and MeHg analyses were deployed 
back-to-back in marked pairs. Deployments were conducted in August 2006 within a 
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mudflat (Frankfort Flats) located at the point of significant channel widening within 
the Penobscot estuary. Six dialysis frames were deployed within a 10 m area and 
were under <10 cm of water at the lowest monthly astronomical tide and ~ 3 m of 
water at the highest monthly tide. Following a 32 day deployment, frames were 
retrieved into N2-flushed containers and rapidly transferred into a portable N2 glove 
bag set up in the field. The dialysis membrane covering each cell was rinsed, 
perforated with an acid-rinsed pipette tip, and the cell contents were immediately 
sampled for Hgi, MeHg, S(-II), Fe(II), NH4+, base cations, Mn(II), pH, and dissolved 
organic carbon (DOC). 
Porewater aliquots for Hgx were preserved with 0.5 ml BrCl in the field and 
refrigerated in glass vials with Teflon-lined lids until analysis. Analysis was 
conducted by CVAFS (Tekran 2600) following EPA method 1631 (USEPA, 2001a). 
The small sample volume (2.5 ml per dialysis cell) precluded the running of sample 
duplicates, although standard addition recoveries were consistently within 4% of the 
expected values. Standard reference material (ORMS-3 river water) recovery was 
always within 6% of mean certified value (62.8 pM). The MDL was 0.5 pM. 
Porewater aliquots for MeHg were preserved with 25 uL of 25% H2SO4 in glass 
vials with Teflon-lined lids and shipped on ice to a certified laboratory (Brooks Rand, 
Seattle, WA). Analysis was conducted by CVAFS (BRL Model III) following draft 
EPA method 1630 (USEPA, 2001b). Sample preparation involved distillation, 
ethylation, chromatographic separation, and thermal decomposition. The small 
sample volume (2.5 ml per dialysis cell) precluded the running of sample duplicates, 
although standard addition recoveries were within 8% of the expected values. 
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Standard reference material (prepared from an aliquot of DORM-2) recovery was 
within 3% of mean certified value (13.5 pM). The MDL was 0.09 pM, and the mean 
sample-specific detection limit was 1.2 (± 0.4) pM. 
Sulfide (0.5 mL; detection limit 1 uM; Cline, 1969), Fe(II) (1 mL; detection limit 
5 fiM; Viollier et al., 2000), and NH4+ (0.5 mL; detection limit 25 ixM; Solorzano, 
1969) were determined colorimetrically by established protocols. Base cations and 
Mn(II) (0.5 mL) were determined using ICP-AES. pH was measured with a portable 
gel probe (Accumet Gel Filled Combination Electrode with an Orion Model 
290Aplus meter) calibrated in the field to the appropriate temperature. DOC (1 mL; 
detection limit 20 uM) was determined using a TOC analyzer (01 Corporation 700). 
All cation and DOC samples were acidified in the field immediately after collection. 
Aliquots for S(-II) determination were stabilized in 2 mL micro-centrifuge tubes pre-
loaded with 0.5 mL of 1 M zinc acetate. 
2.3.3. Intact Sediment Column Experiment 
Large diameter sediment columns (20 cm x 90 cm) were collected in cast acrylic 
tubes for a laboratory redox-manipulation experiment. Columns were driven into the 
sediment to a depth of-75 cm, capped, and then dug from the mudflat with a shovel. 
Columns were collected from within a 5 m zone of Frankfort Flats adjacent to the 
sampling locations described above. Upon retrieval the base of each column was 
capped and the columns were returned to the laboratory. Columns were equilibrated 
in the laboratory for 3 days by continuously circulating Penobscot estuary water 
across the surface of the sediment. Following equilibration, two dialysis frames were 
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deployed back-to back within each column. Dialysis frames contained 20 dialysis 
cells (5 cm3) spaced by 0.5 cm and were prepared for deployment as described for 
field deployed frames. Columns were designated "exposed", "bubbled" and "ponded" 
based on the subsequent redox manipulation. Treatment set up was as follows: In the 
exposed column, the overlying water (~ 5 L) was slowly drained after the 
equilibration interval and the sediment surface was subsequently moistened daily with 
Penobscot estuary water. In the bubbled column, the overlying water was bubbled 
continuously with an aquarium pump and replaced daily to preclude SO42" limitation. 
The potential for SO42" limitation was assessed by comparison of initial measured 
SO4 " concentration with published maximum likely SO4 "reduction rates (King et al., 
2000). The sulfate concentration in the overlying water was monitored by the barium 
gelatin turbidity method (Tabatabai, 1974). Water exchange was effected through 
slow transfer via a peristaltic pump such that the sediment surface was not subject to 
resuspension. In the ponded column, the overlying water was not actively aerated by 
bubbling and was replaced via a peristaltic pump every 3 days. During water 
exchange the sediment surface was never subaerially exposed. For both the bubbled 
and ponded columns, the water replacement frequency (< 3 days) significantly 
exceeded the likely SO42" reduction rate as estimated from King et al. (2000). 
All water used in this laboratory experiment was Penobscot estuary water, 
collected from the vicinity of the field site at weekly intervals. The salinity of the 
collected water varied between 9-13 psu. Columns were maintained under the above 
described treatments for 12 weeks at room temperature, at which point dialysis 
samplers were retrieved and sampled as described above for Hgj, MeHg, S(-II), 
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Fe(II), base cations, NH4 , Mn(II), pH, and dissolved organic carbon (DOC). Small 
diameter polycarbonate tubes (5 cm x 30 cm) were used to collect cores from each 
column. Cores were transferred into an anaerobic glove bag, sectioned at cm intervals 
and analyzed for the reducible sediment Fe(III) (oxy)hydroxide (Fedith) content as 
described above. Replicate analyses were conducted on 10% of the sectioned 
intervals (n = 6) and replicate Fe recovery was ± 6 %. 
2.3.4. Modeling 
Equilibrium speciation modeling of Hg was conducted using PHREEQC (Parkhurst 
and Appelo, 1999) with a complete reaction list presented in Table 1.1. Stability 
constants were corrected for Penobscot estuary conditions of T = 15° C using the 
van't Hoff equation and an ionic strength = 0.2 M using the Davies equation. Hg, was 
calculated as Hg, = HgT - MeHg. Complexation of Hgj with dissolved organic matter 
(DOM) was modeled by considering strong (DOMs) and weak (DOMw) binding sites, 
with complexation constants for both ligand groups taken from published 
characterizations of aquatic humic substances and peat-derived DOM isolates, 
respectively (Drexel et al., 2002; Haitzer et al., 2003). Modeling further allowed for 
the potential precipitation of FeS(S), cinnabar and meta-cinnabar, as the generation of 
these solid species may limit the porewater concentration of Hgj. Hg-S(-II) speciation 
was modeled both with and without the inclusion of HgS . In Case I, Hg(HS)2 
represents the only neutral, uncharged Hg-S(-II) species. In Case II, neutral Hg-S(-II) 
species are presented as the sum of Hg(HS)2° + HgS0. 
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Kinetic modeling was applied to examine the competing mechanisms of 
methylation and demethylation within field and laboratory column porewaters. 
Specifically, the computer code PROFILE (Berg et al., 1998) was used to model the 
vertical distribution of MeHg by a 1-D mass conservation equation: 
^ ] =|^(A+A)f) + ^ cw-^:)+^ (i) 
where C (mol cm"3) is the porewater species concentration, z is depth (positive 
downward from the SWI), / (s) is time; (f> is sediment porosity, Ds (cm s" ) is the 
compound-specific molecular diffusion coefficient corrected for temperature and 
sediment tortuosity, D\> (cm s" ) is the sediment bioturbation coefficient, a (s" ) is the 
sediment bioirrigation rate coefficient, Cw (mol cm"3) is the concentration of the 
species in the overlying water, and Rnet (mol cm"3 s"1) is the net zero-order rate of C 
production or consumption per unit volume under study. Rmt may range from positive 
(net production to porewater) to negative (net consumption from porewater), and will 
vary as a function of depth-specified model input values. For analytes for which 
multiple porewater profiles exist, further model refinement defines the minimum 
number of production and consumption zones that explain all collected profiles. 
Appropriate constants, model input terms and model constraints are presented in 
Table 1.2. 
Modeling porewater dynamics with PROFILE assumes the absence of a 
significant advective flux and that the system is at, at least, quasi steady-state (i.e., 
dCldi ~ 0). Although steady-state assumptions may not be strictly valid for 
environments subject to variations in salinity, bottom water dissolved O2, or 
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temperature, diagenetic models such as PROFILE have allowed exploration of the 
depth-specific parameters that facilitate either sequestration or mobilization of 
sediment contaminants (Gallon et al., 2004; Merritt and Amirbahman, 2007a). 
2.4. Results and Discussion 
2.4.1. Field Data 
2.4.1.1. Pore water 
S(-II) appears at low concentrations (< 10 uM) at the SWI, increases modestly over 
the top 9 cm of the sediment, then increases more sharply with depth (Fig. 2.1 A). 
Dissolved Fe(II) reaches a maximum concentration (150 uM) at a depth of 1.5 cm 
and then decreases with depth (Fig. 2.1 A). The DOC concentration increases from 
0.26 mM to 1.5 mM over the depth of the porewater profile and the NFLt+ 
concentration increases from 29 uM to 285 uM over the same depth interval (Fig. 
2.IB). Replicate porewater MeHg profiles (Fig. 2.2A) display a consistently low 
concentration (< 5 pM) within the top ~ 2 cm of the sediment that increases to a 
subsurface maximum before decreasing toward the bottom of the profile. The location 
and magnitude of the maximum MeHg concentration are different between profiles, 
although maximum concentrations vary by less than 30%. Below a depth of ~ 2 cm, 
MeHg accounts for 38 % (± 9%) of Hgx (Fig. 2.2B). Equilibrium modeling of Hgj 
suggests that while Hg-DOM complexes may dominate equilibrium speciation at 
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Figure 2.1. Field porewater profiles collected with close-interval dialysis samplers. (A) Field porew 
Fe(II) and S(-II); (B) Field porewater profiles for NHU* and DOC. Lower x-axis corresponds to NFL 
and upper x-axis corresponds to DOC concentration. 
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Figure 2.2. MeHg field data. (A) Porewater MeHg profiles for replicate dialysis samplers 
(o) and (•) and percent of total porewater Hgi speciation as Hg(HS)2° (o) as defined by 
thermodynamic modeling. The bottom x-axis corresponds to porewater data and the top x-
axis corresponds to speciation modeling. (B) Percent of porewater HgT as MeHg for 
replicate dialysis samplers. Inset: Sediment solid phase MeHg (bottom x-axis) and sediment 
solid phase MeHg defined as a percent of total sediment solid phase Hg (top x-axis). 
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<10 nM S(-II) under given conditions, aqueous Hg-S(-II) species dominate 
throughout the porewater profile. For Case I, Hg-S(-II) speciation is predominantly 
HgS2H", with Hg(SH)2° reaching 21% of total Hgi at 3.75 cm depth then decreasing to 
< 10% by 7.5 cm depth and remaining < 10% of Hg-S(-II) speciation to a depth of 15 
cm (Fig. 2.2A). For Case II, the sum of uncharged species Hg(SH)2° + HgS0 accounts 
for > 50% of total Hg-S(-II) speciation down to a depth of ~ 8 cm, then decreases to 
14% of total Hg-S(-II) speciation by a depth of 15 cm. The highest measured 
porewater MeHg concentration of 72 pM occurs at a S(-II) concentration of 20 fiM. 
2.4.1.2. Sediment Solid Phase 
Sediment MeHg increases from 16.8 pmol g"1 at the sediment surface to 25.8 pmol g"1 
by 4 cm depth then decreases to < 0.2 pmol g"1 by 9 cm depth (Fig. 2.2B). Total 
sediment Hg increases from 2.95 nmol g"1 to 4.84 nmol g"1 over the 0-4 cm interval 
then decreases to 1.22 nmol g"1 by 9 cm depth. MeHg values represent < 0.6% of total 
sediment Hg throughout this depth interval. Fedjth decreases from 14.3 ^mol g"1 to 5.4 
jimol g"1 over 0-4 cm, then decreases further to 0.30 i^mol g"1 by 15 cm depth (Fig 
2.3A). 
2.4.2. Column Data 
Manipulating the redox status of the column sediments produces significant 
differences in the column Fedith and S(-II) profiles (Fig. 2.3A-B). In all columns, the 
porewater S(-II) concentration reaches ~ 1 mM by 12.5 cm depth, although the depth 
of significant S(-II) increase progressively shallows from the exposed to the bubbled 
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to the ponded columns, respectively. Similarly, while all columns contain comparable 
Feaith at > 12 cm depth (~ 0.8 umol Fedeith g"!), the surface sediment Fediih 
concentration varies between 13.7 umol g" and 17.5 umol g"1 for the ponded versus 
exposed columns, respectively, and declines by 49% (exposed), 57% (bubbled), and 
75% (ponded) over the 0-4 cm depth interval. These values may be compared with 
the field core profile in which the surface sediment Fedith concentration declines by 
63% over the same 0-4 cm depth interval (Fig. 2.3A). Column porewater MeHg 
profiles demonstrate a shape similar to field porewater MeHg profiles, with a 
concentration that increases downward from the SWI toward a subsurface maximum 
then decreases further down the profile (Fig 2.4A-C). Similar to the S(-II) profile, the 
MeHg concentration maxima shallow from 9.5 cm (88 pM) to 3.5 cm (67 pM) to 2 
cm (117 pM) for the exposed, bubbled, and ponded columns, respectively. These 
maximum MeHg concentrations occur at porewater S(-II) concentrations of 760 uM 
(exposed), 77 uM (bubbled) and 625 uM (ponded). In the presence of measurable S(-
II), Case I results suggest that while Hgi speciation is predominantly HgS2H" for all 
columns, Hg(SH)2° reaches 16% of total Hgj at a depth of 3.5 cm for the exposed 
column, 21% of total Hgj at a depth of 3.5 cm for the bubbled column, and 19% of 
total Hgj at a depth of 0.5 cm for the ponded column. For Case II, the sum of the 
uncharged species Hg(SH)2° + HgS0 reaches 47% of total Hgj at a depth of 3.5 cm for 
the exposed column, 48% of total Hgi at a depth of 3.5 cm for the bubbled column, 







300 600 900 1200 1500 
S(-Il) (umol L1) 
Figure 2.3. Laboratory column ancillary chemistry: dithionite-extractable Fe (Fedjth) 
and porewater S(-II). (A) Column + Field Fedith profiles for cores sectioned at 1 cm 
intervals; profiles with data points correspond to exposed, bubbled, and ponded 
treatments as described in the text; the profile defined by the solid black line 
corresponds to the field profile. (B) Column porewater profiles for S(-II); profiles 
correspond to exposed, bubbled, and ponded treatments as described in the text; 
dashed gray line denotes sediment-water interface. 
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Figure 2.4. Porewater MeHg profiles from intact sediment columns maintained under 
varying hydrodynamic regimes. Porewater MeHg profiles for laboratory column 
dialysis samplers (bottom x-axis) and percent of total Hgj speciation as Hg(HS)2° as 
defined by thermodynamic modeling (top x-axis). (A) Exposed column; (B) Bubbled 
column; (C) Ponded column, with treatments described in the text. Note the difference 




2.4.3. Porewater Kinetics 
2.4.3.1. Field Data 
Modeling of field MeHg data suggests that although MeHg concentrations vary 
between replicate porewater profiles, the location of the production zone boundaries 
is similar for both profiles (Fig. 2.5A-B). A zone of dominant net MeHg production 
(Zone B) may thus be defined over 2.25 - 6.75 cm(R%°"8 -0.35 - 1.1 x 10"20 mol cm" 
3
 s"')(Fig 2.5A-B; Table 2.2). Whereas measurable MeHg exists at depth < 2.25 cm 
(Zone A), the significant decrease in concentration relative to Zone B suggests that 
net MeHg consumption is occurring within the immediate vicinity of the SWI. At a 
depth > 6.75 cm (Zone C), MeHg profiles may be either characterized by decreased 
but continued production (Fig 2.5A) or dominantly diffusive transport (Fig. 2.5B). In 
either case, the net rate of MeHg production to porewater is significantly diminished 
relative to that found in Zone B. It is important to note that although PROFILE shows 
diminished MeHg production in Zone C of Fig. 2.5 A, methylation must occur at 
depth > 7 cm in these sediments to account for the observed porewater MeHg 
concentration at 15 cm depth. 
Zone A (0-2.25 cm): The loss of MeHg within ~2 cm of the SWI may be 
explained by potential mechanisms including advective transport of overlying water 
through surface sediment, sorption to sediment solid phases, and net demethylation. If 
the sharp gradient in MeHg concentration observed across the Zone A-B boundary is 
a function of physical loss terms (including diffusion and advection), one would 
expect the mechanism to be operative for other porewater analytes. That porewater 
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Figure 2.5. Diagenetic modeling for replicate porewater MeHg profiles (A-B). Gray points represen 
data; curved thick black line represents PROFILE model profile; light black line indicates model zo 
differentiation and net reaction rates; horizontal dashed gray line denotes sediment-water interface. 
bottom x-axis corresponds to porewater data and model profile; the top x-axis corresponds to mode 
differentiation and net reaction rates. Modeling does not include data values between 0-2.25 cm dep 
gradients are evident for Fe(II), DOC, and NH4 (Fig 2.1) profiles across this depth 
interval suggests that advective transport does not play a dominant role in generating 
the observed near surface MeHg profile. Sorption to sediment solid phases, including 
Fe-oxyhydroxides, sediment AVS and particulate organic matter, has been proposed 
as a potential regulating mechanism for porewater MeHg efflux (Bloom et al., 1999; 
Lambertsson and Nilsson, 2006). Research in coastal marine sediments has shown, 
however, that the sediments likely serve as only a temporary MeHg sink (Lawrence et 
al., 1999; Hines et al., 2006; Lambertsson et al., 2006). These factors suggest that 
while some fraction of the observed MeHg loss within 2 cm of the SWI may result 
from sorption to sediment solid phases, the sorbed MeHg pool is not likely occluded 
from rapid microbial demethylation. 
We thus propose that the dominant mechanism likely responsible for the marked 
decrease in porewater MeHg within the top ~2 cm of the sediment profile is net 
demethylation, a proposed mechanism consistent with research from similar coastal 
environments (Gagnon et al., 1996). Equating the minimum demethylation rate to the 
characteristic diffusion time estimated by t = L2/2(|>DMeHg (L = 0.75 cm; § = 0.7; 
DMeHg = 5 x 10"6 cm2 s"1 [Hines et al., 2004]), a first-order demethylation rate constant 
of kd = 1.1 d"1 may be obtained (Table 2.2). This value is within an approximate order 
of magnitude of published demethylation rate constants determined via isotope 
injection (Hintelmann et al., 2000; Marvin-DiPasquale et al., 2000; Martin-
Doimeadios et al., 2004). We note that our approach to estimating demethylation rate 
provides a minimum value as (1) we employ the distance on center between adjacent 
dialysis cells in our calculation and (2) methylation suppression under iron-reducing 
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conditions (Warner et al., 2003) does not imply the complete absence of methylating 
activity (Kerin et al., 2006). Indeed, sediments within the vicinity of the SWI likely 
demonstrate a combination of both diminished methylation and enhanced 
demethylation potentials. 
With an estimate of kd, a simple first-order rate expression for the demethylation 
of porewater MeHg may be written as: 
d[MeHg] 
dt 
= -kd[MeHg] (2) 
The porewater MeHg concentration is 37-52 pM at 2.25 cm (Fig 2.2A-B) and a zero-
order demethylation rate of 4.5 - 6.5 x 10"1 mol cm" s" may be estimated (Table 
2.2). It is difficult to compare this value directly with published demethylation rates 
as isotope addition experiments generally calculate zero-order expressions under the 
assumption that all injected MeHg is equally available for demethylation. As 
example, zero-order demethylation rates for contaminated wetland and marsh 
sediments decrease by > 1 order of magnitude from -10"1 mol cm"3 s"1 when 
calculated by multiplying the first-order demethylation rate constant (kd) by the 
spiked MeHg amendment versus multiplying kd by the in situ sediment MeHg 
concentration (Marvin-DiPasquale et al., 2003). If a zero-order demethylation rate is 
instead calculated by multiplying kd by the in situ porewater MeHg concentration (as 
opposed to the in situ sediment MeHg concentration), however, published rates more 
closely approximate our zero-order estimation. Hines et al. (2006), as example, 
calculate a demethylation rate of 2 x 10"20 mol cm"3 s"1 for contaminated estuary 
sediments. While their total isotope addition exceeds ambient MeHg by >2 orders of 
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Table 2.1. Output terms for PROFILE modeling of field methylmercury data. Data used for modeling we 
equilibrium dialysis samplers. 
Depth (cm) Zone Reaction rate Units 
0-2.25 A 4.5—6.5 x 10"19 (specific demethylation)11 mol cm"3 s"1 
2.25-6.75 B 0.35—1.1 x 10"20 (net methylation)b mol cm"3 s"1 
2.25-6.75 B 4.6—6.6 * 10"19 (specific methylation)' mol cm"3 s"1 
rate constant 
kdd A l.i d"1 
£m E B 0.7—1.0 d" 
"Estimated specific zero-order demethylation rate at depth < 2.25 cm 
PROFILE model calculate net zero-order methylation rate at depth 2.25-6.75 cm 
Estimated specific zero-order methylation rate at depth 2.25-6.75 cm 
Estimated lst-order porewater demethylation rate constant at depth < 2.25 cm 
e
 Estimated lst-order porewater methylation rate constant at depth 2.25-6.75 cm 
magnitude, a factor likely influencing the magnitude of kj, the utilization of ambient 
porewater MeHg concentration in the zero-order expression is consistent with the rate 
expression presented here for Penobscot estuary sediments. 
Zone B (2.25-6.75 cm): If we assume that the demethylation rate remains 
relatively constant with moderately increasing sediment depth, including with the 
depth-dependent progression to porewater anoxia (see data in Warner et al., 2003; 
Hines et al., 2006; Lambertsson and Nilsson, 2006), we can estimate an in situ MeHg 
production rate for Zone B as: R^%meB) = R^L^ + C ? M = 4.6-6.6 x 10"19 
mol cm" s" (Table 2.2). As discussed above for demethylation rate, it is difficult to 
directly compare the magnitude of this estimated in situ MeHg production rate with 
rates determined via isotope injection. Published zero-order estimates frequently 
range between 10"16-10"17 mol cm"3 s"1 for experiments that measure methylation rates 
in pure microbial cultures (King et al., 2000) or base the zero-order production rate 
expression on total sediment Hgj (Marvin-DiPasquale et al., 2003; Hammerschmidt 
and Fitzgerald, 2006). As Hg methylation is likely limited not by availability of total 
sediment Hgj, but by availability of porewater Hgj (King et al., 1999), these published 
values potentially overestimate the in situ methylation rates by >3 orders of 
magnitude (i.e., the minimum observed porewater KD for Hgj). Hines et al. (2006), as 
example, calculate a zero-order methylation rate of 1 x 10"19 mol cm"3 s"1 for estuary 
sediments based on the porewater Hgj concentration. Moreover, as the speciation of 
porewater Hgj may affect its availability for microbial methylation (Jay et al., 2002), 
it is likely that even a simple rate correction based on observed KD could lead to an 
overestimation of in situ methylation rate. 
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For Penobscot estuary sediments, both the relative and absolute concentrations of 
Hg(HS)2° are elevated within the depth increment defined as Zone B (Fig 2.2A). If 
the uptake and methylation of Hgj are diffusively controlled (Jay et al., 2002), the 
concentration of an uncharged Hg; species may significantly influence the Hg 
methylation rate. A pseudo-first order rate expression for methylation may then be 
defined as a function of this species concentration: R^g{Zoni,H) ~ £m[Hg(HS)2°]. For a 
Hg(HS)2° concentration of 11.4 (± 3.6) pM over this depth increment km ~ 3.6 - 5.1 
d"1 (Table 2.2).The magnitude of this rate constant supports the hypothesis of rapid 
methylmercury cycling in coastal marine sediments (Hines et al., 2006). 
Zone C (> 6.75 cm): For MeHg, both field profiles demonstrate significantly 
decreased net methylation rates in Zone C relative to Zone B. It is not possible to 
correlate this decline with a specific mechanism. Researchers have attributed an 
observed decrease in methylation rate with increasing sediment depth to either S(-II) 
mediated inhibition (Gilmour et al., 1998; Langer et al., 2001) or the effect of 
diminishing substrate quality on the metabolic activity of sulfate reducing bacteria 
(SRB) (King et al, 1999). While there is little definitive evidence for S(-II)-mediated 
toxicity to SRB at most field-realistic concentrations of S(-II) (Sundback et al., 1990; 
Reis et al., 1992), and it is questionable whether HgS(S) precipitates under these field 
conditions (Morse and Luther, 1999; Ravichandran et al., 1999), high S(-II) 
concentrations may degrade the quality of labile microbial substrate (Wakeham et al., 
1995) or limit microbial access to the trace metals (including Co, Ni, and Zn) required 
to form metabolic enzymes (Patidar and Tare, 2004). If the concentration of Hg(HS)2° 
indeed affects methylation rate linearly, some fraction of the observed significant rate 
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decline in Zone C may result from the relative decrease in the Hg(HS)2 concentration 
at > 6.75 cm depth (Fig 2.2A). The further decline in methylation rate beyond what 
may be explained by Hg-S speciation likely results from the factors described above 
and their influence on the activity of the existing microbial community. 
2.4.3.2. Intact Sediment Column Experiment 
Column redox manipulations were designed to assess the extent to which variation in 
dominant geochemical parameters influences in situ Hg methylation potential. 
Specifically, this experiment aims to test the hypothesis that the location of the 
redoxcline affects MeHg efflux across the SWI. Whereas factors including warmer 
laboratory versus field temperatures limit direct rate comparisons between column 
data versus field data, comparisons may be made between individual column 
treatments with results aiding field-relevant mechanistic interpretation. 
As noted previously, sediment depths defined by PROFILE zone boundaries 
(such as occurs at 2.25 cm for the Zone A-B boundary) are analogous to the depths at 
which an inversion of the —ratio likewise occurs. Examining the column data, the 
location of this inflexion point with respect to MeHg production and consumption 
varies distinctly between treatments, shoaling upward from 4 cm to 2.35 cm to ~ 0 cm 
for the exposed, bubbled, and ponded columns, respectively (Fig. 2.6A-C). The 
resultant compression or elimination of the net MeHg consumption zone (Zone A in 
the field data) is consistent with the observed rise of the redoxcline toward the SWI 
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Figure 2.6. Diagenetic porewater profiles for laboratory column dialysis samplers 
(A-C); gray points represent field data; curved black line represents PROFILE 
model profile; light black line indications model zone differentiation and net 
reaction rates; horizontal dotted line denotes sediment-water interface. (A) Exposed 
column; (B) Bubbled column; (C) Ponded column, with treatments described in the 
text. The bottom x-axis corresponds to porewater data and model profile; the top x-
axis corresponds to model zone differentiation and net reaction rates. Note 
difference in scale between all treatments for top x-axis data. The two data points 
indicated in black in the exposed column (A) are excluded from model fit. 
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(Fig. 2.3B), enhancing porewater MeHg efflux under progressive near-sediment 
surface anoxia. While a correlation between heightened methylation rate and Hg-S(-
II) speciation is supported in the bubbled and ponded column data (as with the field 
data), the zone of enhanced net methylation does not correspond with the depth of 
highest Hg(HS)2° concentration in the exposed column. The offset observed may 
result from the oxidation of near-surface sediments under the exposed treatment. This 
oxidation may alter the surficial sediment chemistry and/or the microbial community 
structure in ways that affect Hg methylation. 
2.5 Implications 
The relationship between the depth of the redoxcline and the potential for shallow 
sediment net MeHg production has implications for environments in which 
contaminant storage may be affected by hydrodynamics. In estuaries, for example, 
these observations suggest that across a transect defined from the subtidal zone to the 
adjacent saltmarsh surface, a similar contaminant concentration may be subject to 
both a range of potential transport mechanisms and variations in ultimate biological 
availability. At one extreme, in the upper intertidal zone or on the banks of saltmarsh 
creeks where the sediment surface may be dominantly subaerially exposed for 
significant periods of a lunar tidal cycle, aqueous phase MeHg efflux may be 
suppressed by net demethylation within the vicinity of the SWI. Biological transfer of 
MeHg would thus occur dominantly up the food chain through consumption of 
benthic infauna. At the other extreme, on the salt marsh surface where ponded water 
(as in salt pans) may drive the redoxcline to or above the SWI, heightened MeHg 
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efflux from the marsh sediment may occur. A significant MeHg flux in the absence of 
net near-surface demethylation likely generates a distinct aqueous phase biological 
exposure pathway via diffusive transfer. 
Moreover, within the zone defined by R^ci"imeH) > 0, net MeHg production 
increases by over an order of magnitude, from R^z„neH) = 1.1 x 10"20 to 7.2 x 10"20 to 
16.5 x 10"20mol cm" s" , for the exposed, bubbled, and ponded columns, respectively 
(Fig 2.6A-C). As the methylation rate of Hgj is a function of both Hgj speciation and 
microbial community structure, this rate increase cannot be attributed to any one 
simple mechanism. It is clear, however, that factors either driving progressive anoxia 
in surface sediments (such as an increase in labile organic matter input) or increasing 
surface water temperature (see Fig. 2.4 versus Fig. 2.6) increase net methylation rates. 
A range of such factors, which may include the frequency or extent of algal blooms, 
the placement of aquaculture facilities, and the warming of shallow marine waters, 
may have important implications for MeHg cycling in the coastal zone. 
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Chapter 3 
Mercury mobilization in estuarine sediment porewaters: a diffusive 
gel time-series study 
A modified version of this chapter has been published in Environmental Science and 
Technology (2007) 41: 717-22. 
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3.1. Abstract 
To assess the lability of porewater and sediment solid phase mercury (Hg), mercapto-
substituted siloxane gels were deployed within the sediments of the Penobscot estuary 
in Maine, USA. Gel deployments occurred in time series and at discrete sediment 
depths. Sediment distribution coefficient (KD) was estimated by modeling the 
resultant gel Hg uptake. For deployments > 1 day, depth-averaged gel Hg uptake was 
significantly greater at depth (Zone B: 6-20 cm) than in the vicinity of the sediment 
water interface (Zone A: 0-5 cm), with uptake ultimately reaching 16.7 ± 4.9 ng Hg g" 
1
 gel versus 35.5 ± 3.8 ng Hg g"1 gel for Zone A versus Zone B, respectively. For 
Zone A, a simple diffusive model adequately describes gel mass flux, suggesting that 
Hg repartitioning from the solid phase does not generate a net Hg source term within 
the time frame of gel deployment. For Zone B, model-determined values of KD (KD = 
25-75) were considerably smaller than literature values typically based on total 
sediment Hg concentration. The magnitude of the modeled KD suggests that it is a 
small fraction of total sediment-sequestered Hg that is likely to be mobilized via 
interaction with porewater ligands. These observations of low general Hg reactivity 
suggest that porewater Hg may be defined as a function of porewater ligand 
production. Such a definition highlights the importance of microbially mediated 
diagenesis in controlling Hg cycling within estuarine sediments. 
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3.2. Introduction 
Research concerning the fate and biogeochemical cycling of mercury (Hg) within the 
sediments of aquatic ecosystems has suggested that microbially mediated diagenetic 
processes affect its mobilization (Laurier et al., 2003; Marvin-DiPasquale and Agee, 
2003) and that ligands with strong metal affinity, such as dissolved organic matter 
(DOM) and dissolved inorganic sulfide (S(-II)), control its partitioning between the 
dissolved and particulate phases (Benoit et al., 1998; Ravichandran, 2004). 
Partitioning as a general term defines processes that remove soluble species from 
solution by sorption and precipitation, and increase solution concentrations via 
dissolution or the creation of soluble complexes. In the absence of external 
perturbations an equilibration is often considered to exist between dissolution and 
removal processes. This equilibration, however, may in fact occur only over a 
significant time frame, as with the pyritization of FeS(S) (Rickard and Morse, 2005), or 
over a broad depth interval in the sediment, as with the diffusion and re-precipitation 
of ligand-solubilized metals within the diagenetically active zone of sediments 
(Gallon et al., 2004). In the presence of external perturbations such as sediment 
dredging, geochemical conditions controlling site-specific partitioning may be altered 
with implications for metal mobilization potential and the likelihood for ultimate 
biological uptake and trophic transfer of the metal. 
To assess the lability of porewater and sediment solid phase metals, various 
techniques have been developed to measure metal response to a controlled 
perturbation. The most promising recent technique, Diffusive Gradients in Thin Films 
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(DGT), emplaces a self-contained, two layer hydrogel within the sediment to create a 
stable metal sink (Zhang et al., 1995; Harper et al , 1998; Zhang et al., 1998; Zhang 
and Davison, 2000). The sink is generally in the form of a strong cation-exchange 
resin and diffusive metal transfer to the resin is governed by Fick's 1st Law. DGT 
devices have been deployed in the water column of lakes (Odzak et al., 2002), rivers 
(Docekalova and Divis, 2005) and the coastal ocean (Twiss and Moffett, 2002), and 
in sediments (Zhang et al., 1995) and saturated soils (Ernstberger et al., 2002), and 
have been used to monitor an important range of cations (Alfaro-De la Torre et al., 
2000), anions (Zhang et al., 1998), and transition metals (Zhang et al , 1995). 
Interpretation of DGT flux data has been aided by the development of a numerical 
model (DIFS: DGT Induced Fluxes in Sediments) linking the reaction and transport 
equations likely involved in system response to the DGT perturbation (Harper et al., 
1998; Harper et al., 2000). With the appropriate input parameters, the DIFS model is 
capable of assessing metal-specific remobilization potential within the environment 
under study. Specifically, DIFS places DGT flux data along the interpretive 
continuum between rapid and sufficient sediment solid phase re-supply (i.e., the 
sustained porewater case) versus sediment non-lability (i.e., the diffusive transport 
case) in which porewater depletion with no re-supply occurs within the vicinity of the 
DGT device. 
Difficulties inherent in the use of conventional DGT to study Hg include its 
frequently low porewater concentration, and the non-specificity of Chelex or other 
cation-exchange resins toward polarizable cations such as Hg (Divis et al., 2005; 
Docekalova and Divis, 2005). Research seeking strategies for mitigating Hg 
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pollution, however, has observed that resins functionalized with thiol groups 
demonstrate high specificity for Hg and binding capacities that are adequate for a 
range of Hg-laden industrial waste streams (Mercier and Detellier, 1995; Mercier and 
Pinnavaia, 1998; Merrifield et al., 2004). To study the dynamics of Hg flux within 
sediments we have synthesized a thiol-grafted siloxane gel and deployed it in multi-
chambered dialysis frames within the sediments of a Hg-contaminated estuary. Gel 
deployments ranged from 1-32 days and Hg uptake was determined for 15 depth 
increments within the sediment. Depth increments were defined by the 0.5 cm cell 
spacing on the dialysis frame and covered a porewater sulfide (S-(II)) range from 0 -
500 uM. 
Gel Hg data were used to assess the likely magnitude of the labile sediment Hg 
phase. Such information is important as it is currently hypothesized that organic 
matter controls the dominant partitioning of Hg between sediment and aqueous 
phases (Hammerschmidt et al., 2004; Hammerschmidt and Fitzgerald, 2006). This 
control is defined by correlations between the distribution coefficient for Hg versus 
total sediment organic matter (KDHg versus LOI; Hammerschmidt et al., 2006) and the 
distribution coefficient for Hg versus the distribution coefficient for organic matter 
(KoHg versus KDOM; Hammerschmidt et al., 2004). As such, partitioning has been 
implicitly defined as a function of total sediment organic matter content and total 
sediment Hg concentratioa Research aimed at assessing the biogeochemical 
reactivity of such sediment-associated Hg has documented a general recalcitrance of 
the bulk Hg pool under circumstances simulating realistic field conditions (e.g., 
Heyes et al., 2004). However, research in sulfide-rich environments has documented 
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an apparent S(-II)-mediated control on porewater total Hg (HgT), noting both S(-II)-
mediated dissolution of solid phase Hg at depth within estuary sediments (Merritt and 
Amirbahman, 2007a) and that, along an estuary gradient, S(-II) increases 
concomitantly with increasing HgT (Benoit et al., 1998). It is therefore important to 
assess the extent to which depth-dependent variation in complexing ligands may 
influence the porewater concentration and potential lability of the total sediment Hg 
pool. Such an examination may be further useful for exploring the assumptions 
inherent in bulk equilibrium models. 
Gel deployments were conducted within the Penobscot River estuary in Maine, 
USA. The lower Penobscot River is defined by a long narrow estuary (mean width < 
0.75 km), with measurable tidal influence extending 35 km upriver to the city of 
Bangor. As well as upriver papermill activity, several potential point sources of Hg 
pollution exist within the estuary, including a recently (2000) closed chlor-alkali 
production facility. Sediment Hg concentration upstream of the limit of tidal 
influence ranges between 0.25-0.50 nmol Hg g"1 dry wt. sediment (defined as g"1) 
(Smith, 1998), comparable with the freshwater reaches of other large New England 
rivers (Morgan, 1998). Surface sediment Hg concentrations in the Penobscot estuary 
generally range between 1.25-27.5 nmol Hg g"1 (Merritt and Amirbahman, 2007a) 
with an extreme hot-spot (2300 nmol Hg g"1) within the chlor-alkali plant discharge 
zone (Morgan, 1998). 
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3.3. Materials and Methods 
3.3.1. Siloxane Gels 
Gel synthesis followed the standard conceptual methodology for surfactant-templated 
condensation (Margolese et al., 2000; Mori and Pinnavaia, 2001). Namely, in the 
presence of a structure-directing block copolymer, organosiloxane molecules may be 
induced to precipitate with a resultant well-ordered pore structure. Specific synthesis 
procedure is as follows: 4 g of Pluronic block copolymer 123 (Aldrich) was dissolved 
in 125 ml of 1.9 M HC1. After heating to 40° C, tetraethoxysilane (TEOS) and 
mercaptopropyltrimethoxysilane (MPTEOS) were added at a molar ratio of 0.032 
TEOS:0.0082 MPTEOS:0.24 HC1:6.67 H20. The solution was stirred under N2 for 24 
hr at 40°C and then aged in a sealed container at 90° C for a further 24 hr. The 
resultant amorphous precipitate was recovered by filtration and refluxed under 
ethanol for 24 hr. The final gel was re-suspended in N2-bubbled water of the 
approximate ionic strength of the deployment location and stored in aN2 atmosphere 
until use within 48 hr of synthesis. Surface area (single point BET; Quantachrome 
Monosorb) of the deployed gel, determined following overnight sample muffling at 
325° C to remove organic constituents (Keil et al., 1997), was -650 m2 g"1. Hg uptake 
capacity of TEOS-MPTEOS gels may reach 2.5 mmol g"1 depending on experimental 
agitation rate and initial solution Hg concentration (Brown et al, 2000). 
Prior to field deployment, the re-suspended gel was pipetted into deoxygenated 
multi-chambered dialysis frames, covered with a polysulfone dialysis membrane 
(0.22 um Tuffryn HT-200), then immersed in a portable tank and bubbled with N2 
until use. Dialysis frames contained 20 sample cells spaced by 0.5 cm. Preliminary 
74 
laboratory experiments in which gel-filled frames were deployed in D.I. H2O showed 
no change in either the organic carbon concentration or the turbidity of the water over 
a 32-day test deployment. These results suggested that the dialysis membrane 
adequately retained the gel within the individual dialysis cells. Six gel-filled frames 
were deployed within a 10 m area and were under <10 cm of water at the lowest 
monthly astronomical tide and 2.5 -3 m of water at the highest monthly tide. 
Following 1 -32 day deployments, the frames were removed from the sediment and 
gels were recovered by perforating the dialysis membrane with an acid-rinsed pipette 
tip. Cell contents were then transferred into trace metal clean glass jars with Teflon-
lined lids. 
Gels were digested with trace metal grade HNO3 and oxidized with BrCl prior to 
Hg analysis. Analysis was conducted by cold vapor atomic fluorescence spectrometry 
(CVAFS; Tekran 2600) using NH2OH-HCI for oxidant pre-reduction and acidified 
SnCl2 for complete Hg reduction (US EPA Method 1631; 2001a). All gel samples 
were stored and analyzed under clean-room conditions following appropriate and 
well-documented sample handling protocols (Mason et al., 1998). Gel blanks, 
collected from each batch of synthesized gel but not exposed to field conditions, were 
run in triplicate to assess background Hg contamination of gel materials. Background 
Hg was ~ 3 ng Hg g"1 gel and accounted for < 25% of total Hg determined from the 
shortest interval field deployment (1 day). Replicate analysis from field-deployed gels 
was always within 7% and standard additions were within 10% of expected values. 
All reagents used were of appropriate analytical grade, and all instrument tubing and 
filters were changed between analytical runs. 
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3.3.2. Porewater 
A parallel series of dialysis frames was deployed in close proximity to the gel frames 
for porewater sampling (Merritt and Amirbahman, 2007a). Following a 32-day 
deployment, the frames were retrieved into N2-flushed containers, transferred into a 
portable N2 glove bag, and sampled for Hgi plus other analytes. Spatial variability 
across the study site was assessed by measuring S(-II) in three separate dialysis 
frames and total sediment Hg in three separately collected cores (Merritt and 
Amirbahman, 2007a). Coefficients of variance for mean depth-specific S(-II) and Hg 
values varied by <10%. 
3.3.3. Gel Data Modeling 
The mathematical foundations of the DIFS model have been well described elsewhere 
(Harper et al., 1998; Harper et al., 2000). In brief, if an independently determined 
measure of porewater concentration is obtained (as with a dialysis sampler for Hg-r), 
a ratio (R) may be determined as 
*-%*- (1) 
HgT 
where Hggei is the pseudo steady-state measure of Hg associated with the gel. A value 
of R approaching unity is indicative of rapid and sufficient sediment solid phase re-
supply of Hg in the vicinity of the gel sampler. A value of R approaching zero is 
indicative of porewater depletion of Hg in the vicinity of the gel sampler. Gel Hg flux 
is calculated as 
_ MAg H g
- - ^ 7 (2) 
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where M is mass of Hg accumulated by the exposed surface area of the gel (mol 
cm" ), Ag is the thickness of the diffusive mass transfer layer (cm), §m is porosity of 
the diffusive transfer layer, Dd is the free-solute diffusion coefficient of Hg (cm2 s"1) 
corrected for the porosity of the diffusive transfer layer, and T is deployment time (s). 
It is only in the case of R = 1 that Eq. 2 defines an actual porewater concentration 
(Harper et al., 1998). DIFS assesses the dependence of R on sediment solid phase re-
supply by solving the coupled equations 
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that define diffusive mass transfer and the kinetics of analyte sorption to and 
desorption from (with kj and k.i as sorption and desorption rate constants, 
respectively) an operationally defined solid-phase labile pool. With the inclusion of 
specific input data including sediment porosity (<|)d), membrane porosity (<j)m), 
diffusion layer thickness (Ag), sediment particle concentration (Pc), deployment time, 
and analyte free solute diffusivity corrected for sediment porosity (Ds), DIFS allows 
estimation of either a solute-specific distribution coefficient defining the magnitude 
of the solid phase labile pool (KD) or the characteristic response time of the system 
(Tc). KD and Tc are functions of the sorption and desorption rate constants 
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It is important to stress that rate constants are bulk values, incorporating the kinetics 
of multiple processes controlling analyte distribution between dissolved and various 
solid phases. DIFS input includes R and either KD, or Tc, with the program then 
calculating the other term. Further model output includes flux of the analyte to the gel 
surface (mol cm"2 s"1) and the modeled evolution of R toward its pseudo steady-state 
value. The shape of the evolved R profile provides further information regarding the 
relative rate of metal transfer to the gel versus porewater re-supply from the sediment 
solid phase. For the Penobscot estuary sediments, R was used as an input term (value 
discussed below), and KD was varied until mass flux as determined by the model 
matched the measured gel flux as determined from field data. This approach 
constrains the likely value of KD and allows estimation of the size of the labile Hg 
solid phase pool available for ligand-mediated re-partitioning. Conditional 
distribution coefficients relative to known equilibrium porewater Hg concentration 
may then be calculated for different sediment Hg chemical extractions (discussed 
below) and compared with the magnitude of the DIFS-calculated labile solid-phase 
Hg pool. 
3.3.4. Exchangeable Hg 
A 2 N HCl extraction was performed to determine Hg release concurrent with acid 
volatile sulfide (AVS) release. AVS was determined by the sealed vial diffusion 
method on 1 g wet wt. sediment (Ulrich et al., 1997). Aliquots of the 2 N HCl extract 
were filtered (0.22 um) and analyzed for Hg by CVAFS (Tekran 2600) following 
addition of BrCl to oxidize any potentially extracted organic carbon. Replicate 
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analysis was conducted on 20% of the sectioned intervals (n = 6) and replicate 
recoveiy of Hg was ± 7%. Using 2N HC1, Hg recovery from mercuric sulfide (98% 
pure red cinnabar; Alfa AESAR) were <0.1%, confirming that 2N HC1 does not 
solubilize red cinnabar. Iron (Fe) recovery from FeS(S) (99.9% pure; Alfa AESAR) 
was > 90%, confirming that 2 N HC1 indeed solubilizes FeS(S). Under estuarine and 
marine conditions, Hg has been shown to more likely co-precipitate or associate with 
the surface of FeS(S) than precipitate as discrete HgS(S) (Morse and Arakaki, 1993; 
Morse and Luther, 1999). 
A 1 N KOH extraction was performed to extract organic matter-associated Hg. 
Base extraction was conducted on 0.4 g dry sediment following a standard Hg 
sequential extraction protocol (Bloom et al., 2003). 1 N KOH has been shown to 
extract organically-associated Hg, but neither Hg° nor HgS(S) (Bloom et al., 2003; 
Zhang et al., 2006). Published Hg sequential extraction data from standard reference 
sediments (Bloom et al., 2003; Zhang et al., 2006) suggest that our single-step 1 N 
KOH extraction likely contains ~ 1.5% water-exchangeable plus biologically 
accessible Hg (extracted using 0.1 M acetic acid + 0.01M HC1). Base extraction of 
red cinnabar (98% pure; Alfa AESAR) was negligible. Aliquots of the 1 N KOH 
extract were analyzed for Hg (CVAFS; Tekran 2600) following addition of 5 ml BrCl 
to oxidize extracted humic materials. Replicate analyses were conducted on 20% of 
the sectioned intervals (n = 6) and replicate recovery was ± 10% for Hg. Standard 
addition Hg recovery was > 75% for replicate sediment samples (n = 4) and for 
Suwannee River Fulvic Acid (SRFA) extracted with 1 N KOH. 
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3.4. Results and Discussion 
3.4.1. SiloxaneGels 
Figure 3.1 A shows the day 1-16 gel Hg content as a function of depth. The day-32 gel 
data have been excluded as questionable, with >75 ng Hg g"! gel measured in cells 
immediately above and below the SWI for this time interval. Two relatively distinct 
zones of Hg uptake are apparent. The gel Hg content varied within the top 5 cm of the 
sediment (Zone A) between 10.8 - 19.4 ng Hg g"1 gel, and at depth > 5 cm (Zone B) 
between 12.0 - 41.8 ng Hg g"1 gel. There was little increase over time in gel Hg 
uptake in Zone A, while Hg uptake in Zone B increased most significantly over the 
first four days then more modestly for the remainder of the deployment interval (Fig. 
3.1A). Fig. 3.IB shows the average Hg content for zones A and B (± 1 SD) as a 
function of the gel deployment time. While depth-dependent scatter is evident for 4-
16 day gel deployments, mean gel Hg uptake (± 1 SD) after one day is significantly 
greater for Zone B versus Zone A (Fig. 3.IB). This differentiation corresponds to the 
depth at which measurable porewater S(-II) appears (Merritt and Amirbahman, 2007) 
and suggests initially an association between the presence of S(-II) and enhanced Hg 
flux to the siloxane gel. 
3.4.1.1. Zone A Data 
Shallow depth gel data may be interpreted in light of recent observations that Hg 
cycling within the zone of non-measurable sulfide (< 1 uM) in estuary sediments may 
be dominated by a net diffusive mass transfer toward the sediment water interface 
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Figure 3.1. Hg uptake by siloxane gels presented as a function of gel deployment time and sediment de 
Hg uptake by siloxane gels deployed for 1-16 days in mudflat sediments of the Penobscot River estuary 
gray dashed line corresponds to the sediment water interface. (B) Mean (± 1 SD) gel Hg concentration 
cm) and deeper (6-20 cm) intervals within mudflat sediments. Mean determined as average within each 
increment for each indicated deployment interval. 
(SWI) (Merritt and Amirbahman, 2007a). We propose that the Hg gel uptake in Zone 
A is also dominated by diffusive mass transfer of porewater Hg. Considering 
diffusivity as a function of sediment porosity and the size of the likely complexing 
ligand(s), it is possible to estimate the time-dependent mass of porewater Hg 
available to the gel as follows: for a characteristic diffusive travel time (t) = 
L2/2<|>DHg, the characteristic travel length (L) may be calculated for potential ligand-
mediated cases for a range of gel deployment times. Case 1 assumes that Hg transport 
in Zone A is in the form of Hg-DOM complexes and DHg = DOOM ~ 2.5 x 10"6 cm2 s"1 
(T- and I-corrected diffusion coefficient for a representative low molecular weight 
aquatic fulvic acid; Lead et al., 2000). Case 2 assumes that Hg transport is in the form 
of stable Hg-S(-II) complexes and Dng = Dng ~ 5.5 x 10"6 cm2 s"1 (Reddy and Aiken, 
2001). For both cases, (j) = 0.75, the mean sediment porosity for surface sediments at 
the Penobscot estuary study site (Merritt and Amirbahman, 2007a). The characteristic 
travel length (L) may then be defined in terms of a radial distance from the dialysis 
cell surface, taking into account the proximity of adjacent cells, and used to calculate 
the total volume, and subsequently pore volume, available to each gel-filled cell. 
Assuming a mean porewater Hg concentration of 150 pM (Merritt and Amirbahman, 
2007a), the time-dependent magnitude of the available Hg pool suggests that ligand-
mediated flux toward the gel adequately explains gel Hg uptake in the shallow depth 
zone (Fig. 3.2A). 
This observation suggests that a simple diffusive model is adequate to describe 
the gel mass flux data within Zone A. In the context of DIFS model, this means that 
Hg desorption from the sediment solid phase (i.e., the kinetic component of the DIFS 
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model) is not significant in the time frame of gel deployment. Such interpretation is 
consistent with the hypothesis that within the vicinity of the SWI in Penobscot 
estuary sediments, Hg dissolution or repartitioning from the solid phase does not 
generate a significant Hg source term. 
3.4.1.2. Zone B Data 
Beyond the 8-day deployment, the decrease in the Hg uptake rate of the deeper gel 
profile suggests apparent saturation of gel adsorption sites (Fig. 3. IB). Laboratory 
experiments (Fig. 3.3), published data (Mercier and Detellier, 1995; Mercier and 
Pinnavaia, 1998), and the day-32 Zone A data suggest, however, ample Hg binding 
sites on mercapto-substituted siloxane gels. Moreover, gel uptake (Fig. 3.3) across a 
range of Hg concentrations (5 - 50 nM) and a field-realistic concentration of DOM 
(10 mg L"1; SRFA) suggest that the presence of DOM is also not responsible for the 
appearance of the field data. We propose instead that the diminished Hg uptake rate 
with time is a function of the rate-limiting nature of pore diffusion within the gel. A 
similar rate-limiting effect has been documented by other research examining Hg 
uptake by siloxane gels (Brown et al , 2000; Bibby and Mercier, 2002). In such a 
case, the initial fast uptake rate observed in our field data is due to Hg adsorption to 
the external gel surface sites, while the slower rate is due to the Hg diffusion into the 
internal porous gel structure. 
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Figure 3.2. Modeling of gel uptake data as defined for distinct depth zones within 
the sediment. (A) Black circles correspond to Zone A data and white circles 
correspond to Zone B data. Data presented as mean (± 1 SD) gel Hg concentration; 
Calculated porewater Hg availability under the assumption that the diffusion rate 
of aqueous Hg species is a function of the diffusion rate of the mediating ligand; 
(B) DIFS model fit of KD to Zone B (6-20 cm) gel Hg data. Gray area represents ± 
SD from time-interval specific, mean gel Hg uptake data. DIFS model input 
parameters: <|>d = 0.65; (j)m = 0.95; Ag = 150 um, Pc = 1.41 g cm"3; Df = 5.5 x 10"6 
cm2 s"1 (free solute diffusivity of Hg); (C) Calculated (Rcaic) and DIFS model R 
values for KD = 25-75; model derived values of Tc = 264.6 s (KD = 75), Tc = 382.1 








Figure 3.3. Laboratory experiment assessing Hg uptake by siloxane gels in the 
presence versus absence of dissolved organic matter. Figure shows the percent Hg 
remaining in solution after timed exposure to siloxane gels. Mean value ± 1 SD 
calculated from n = 4 incubations with Hg concentration 5-50 nM in KNO3 (0.1 M) 
and pH = 7 (H3PO4 buffer); all incubations conducted in sealed Teflon bottles with 
siloxane gel contained within low-sulfide, trace metal clean 12kDa dialysis tubing 
(Spectrum Labs); (•) incubation contain 10 mg L"1 Suwannee River Fulvic Acid; (o) 
incubations contain no dissolved organic matter; ( T ) blank incubations (n = 4) with 
5-50 nM Hg + buffer, KNO3, dialysis tubing, but with no added siloxane gel. 
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3.4.2. DIFS Modeling 
For the initial 4-day flux of Hg to the gel surface (Fig. 3.2B), DIFS may be used to 
(1) define the relative conditions describing Hg cycling in the presence of the induced 
sink, and (2) constrain the magnitude of the labile solid-phase pool involved. As 
initial Hg uptake by siloxane gels appears to be a function of surface (external) 
binding site density, the DIFS analog, in which metal binding involves a close-
packed, planar resin bead surface, is appropriate. We used the following initial 
conditions to model the Hg uptake rate data: (1) 4-day flux is ± 1 SD of mean gel 
data, and (2) Rmax < 0.2 (Fig 3.2C). Rmax was generated using a mean porewater Hgi 
= 202.9 (± 44.1) pM as determined for the 6-20 cm depth interval in our sediments 
(Merritt and Amirbahman, 2007a). As shown in Fig. 3.2B, the labile solid phase pool 
involved in Hg release to the gel may be adequately defined by KD= 25-75. The 
shape of the R profile, increasing to an initial maximum before decreasing 
significantly by day 4, may be interpreted as a function of the low rate of sediment 
solid-phase resupply (Harper et al., 2000). Beyond day-8, interpretation of the R 
profile is complicated by the rate-limiting nature of internal pore diffusion as 
discussed earlier. The range of modeled conditional KD is significantly lower than the 
bulk KD for Hg in sediments and the conditional distribution coefficient for the KOH-
extractable solid phase Hg pool, but is slightly higher than the conditional distribution 
coefficient for the 2 N HC1 (AVS)-extractable Hg pool (Table 3.1). This low related 
value of KD suggest that it is a small fraction of the total Hg pool that is sensitive, via 
interaction with porewater ligands, to the presence of an external sink. 
87 
Table 3.1. Conditional distribution coefficients for mercury extractions3. 
Zone A Zone B 
(0-5 cm) (6-20 cm) 
log KD, total (L/kg)b 4.5 3.5 
log KD, IN KOH (L/kg)c 4.0 3.1 
log KD, 2N HC1 (L/kg)d 2.6 1.2 
log Kp, DIFS (L/kg)e nd^  1.4-1.9 
"Porewater data as mean values from replicate dialysis samplers 
Total sediment extraction with aqua regia + microwave digestion 
cExchangable organic matter-associated Hg 
dExchangable AVS-associated Hg 




As the sink defined above has been frequently discussed in terms suggesting a 
biological analog (Ernstberger et al., 2002; Twiss and Moffett, 2002; Garmo et al., 
2006), it is important to reconcile interpretations of the distribution coefficient KD-
KD is defined by DIFS as a dynamic equilibrium ratio of labile or ligand-accessible 
solid-phase Hg to porewater Hg, whereas bulk KD is defined in the literature as an 
operational ratio of total solid-phase Hg to porewater Hg. Following DIFS 
interpretation, a log KD = 3.5-5, as documented for Hg in coastal marine sediments 
(Table 3.1; Hammerschmidt et al., 2004; Hammerschmidt and Fitzgerald, 2006), 
suggests that in the presence of an external perturbation, the sediment solid phase 
serves as a large re-supply reservoir for the porewater Hg pool. This suggestion is at 
odds with a range of observations including the operationally-defined KD values 
reported here, sequential extraction conclusions regarding the varying reactivity of 
the total sediment Hg pool (Bloom et al., 2003; Zhang et al., 2006), and data 
suggesting that little Hg repartitioning occurs following either tidal resuspension 
(Heyes et al., 2004) or dredging (Bloom and Lasorsa, 1999). 
These observations regarding the general non-reactivity of sediment Hg suggest 
that the porewater Hg pool is better defined kinetically as a function of porewater 
ligand production than as the result of equilibrium organic matter partitioning. 
Moreover, the ligand-mediated value of KD , as defined by DIFS modeling, in 
constraining the reactivity of the bulk Hg pool highlights the significance of 




Mercury methylation dynamics in estuary and marine sediments: 
a critical review 
4.1. Abstract 
Considerable recent research has focused on mercury (Hg) cycling within estuarine 
and coastal marine environments. These environments may receive significant Hg 
pollution through a combination of local industrial discharges and regional 
atmospheric deposition, and may demonstrate an enhanced potential to methylate and, 
at least temporarily, store the product methylmercury (MeHg). As MeHg represents a 
potent neurotoxin that may magnify in marine foodwebs, it is important to understand 
the mechanisms that drive or constrain methylation dynamics in estuarine and marine 
environments. This critical review article explores the mechanisms hypothesized to 
influence porewater MeHg profiles and depth-specific Hg methylation rates (MMR) 
within estuarine and coastal marine sediments. Observed variation in methylation 
rates has been explained as a function of either variation in the metabolic activity of 
sulfate reducing bacteria (SRB), the microbial consortium thought to dominate 
methylation dynamics in estuarine and coastal marine environments, or as a function 
of inorganic Hgj (Hgj) concentration and/or speciation. Discussion highlights 
limitations in current data interpretation and directions for future research. 
4.2. Introduction 
This review focuses specifically on the dynamics of mercury (Hg) methylation in 
environments in which sulfate (SO42") availability is a non-limiting factor for 
microbial methylmercury (MeHg) production. Moreover, we will focus 
predominantly on methylation dynamics within the sedimentary environment. While 
research has explored methylation dynamics within low-oxygen marine waters (e.g., 
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Mason et al., 1993; Lamborg et al., 2007), there are currently insufficient data to 
allow assessment of the extent to which a redox stratified water column may 
adequately serve as an expanded proxy, with respect to MeHg cycling, for redox 
zonation within sediment porewaters. A broader, more thorough, discussion of marine 
biogeochemical Hg cycling, including explicit discussion of Hg biomagnification and 
global Hg flux models has been recently published elsewhere (Fitzgerald et al., 2007). 
The intent of this review is to assess the various proposed mechanics hypothesized to 
influence both mercury methylation rates (MMR) and MeHg accumulation in 
estuarine and coastal marine sediments. 
It has been suggested that the Hg methylation rate (MMR) is limited by the 
concentration of SO42", with the MMR increasing with S042"up to an optimum SO42" 
concentration and then decreasing at higher SO42" as the result of inhibition (Gilmour 
et al., 1992; Langer et al., 2001). In the context of Hg methylation research, the 
notion of SO42" limitation arises from two early experimental observations, 
specifically that sulfate- reducing bacteria (SRB) are the dominant methylators of 
inorganic Hg (Hgj) in anoxic sediments (Compeau and Bartha, 1985), and that 
through pollution-derived SOx emissions, freshwater ecosystems may receive SO42" 
inputs sufficient to permit significant SRB community activity (Gilmour and Henry, 
1991). While such research has indeed demonstrated that the addition of SO42" 
appears to stimulate Hg methylation in freshwater sediments (Gilmour and Henry, 
1991; Gilmour et al., 1992), there is little consistent evidence that further SO42" 
addition beyond empirically-defined optima specifically inhibits methylation and/or 
MeHg accumulation in either freshwater or marine environments. That is, while up to 
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100 uM SO4 " resulted in increasing MeHg accumulation in sediments of a freshwater 
reservoir, both MeHg accumulation under natural lake water containing 50 uM SO42" 
and MeHg accumulation under artificial lake water containing 1 mM S042" 
demonstrated sufficient variability to warrant re-examination of a SO42" optimum 
model (Gilmour et al., 1992). Research on methylation rates in Florida Everglades 
sediment cores demonstrated that SO42" addition to a concentration of 2.5 mM either 
had no significant effect on measured methylation rates or actively stimulated 
methylation (Gilmour et al., 1998). Furthermore, in environments for which SO4 " is 
non-limiting, frequently cited research (Compeau and Bartha, 1987) demonstrating 
decreasing methylation rates with increasing salinity (and thus SO42") was presented 
with the authors' caveat that incubated sediment samples were collected from 
differing locations and thus likely varied significantly in sediment parameters (such 
as organic matter content and quality) that may likely affect methylation rate more 
than does porewater S04 " concentration (Compeau and Bartha, 1987). 
Whereas the literature speaks frequently of optimum SO4 " concentrations for 
microbial methylation (200-500 uM; e.g. Gilmour and Henry, 1991; Langer et al., 
2001, Munthe et al., 2007), it is equally reasonable to assume that, as the relationship 
between SO4 " addition and SO4 " reduction rate (SRR) is definable in terms of the 
Monod kinetics (Boudreau and Westrich, 1984; Roychoudhury et al., 2003), the 
relationship between SO42" addition and mercury methylation rate (MMR) may also 
be similarly described. For SO4 " reduction, under conditions in which the absence of 
SO4 "limits the metabolic activity of SRB, an increase in SO4 " availability increases 
the activity of SRB relative to other members of the anaerobic microbial community. 
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In the context of Hg methylation, while SRB are not the only methylators of Hgi (Pak 
and Bartha, 1998; Warner et al., 2003; Kerin et al., 2006) their increased activity has 
been well correlated with heightened MMR (Compeau and Bartha, 1985; King et al., 
1999, 2000). Thus, for SRR and potentially for MMR, at the concentration at which 
S042" is no longer the limiting factor for microbial growth, continued SO42" addition 
may neither drive nor inhibit SRR or, potentially, in situ MMR. Such a relationship 
between MMR and SO42" concentration as defined by saturating Monod kinetics is 
suggested here as an alternative to the SO4~ optimum model in which higher 
concentrations of available S042"are equated with diminished MMR. 
The literature presented in this critical review can be divided categorically by the 
proposed mechanisms controlling observed MMR. This division is not meant to 
suggest that the proposed mechanisms necessarily occur independently of each other, 
as the actual dynamics controlling methylation almost certainly combine aspects of 
the diverse mechanisms elaborated in all the research presented herein. Two specific 
questions guide this review: 
• Can Hg methylation dynamics be explained by mechanisms controlling the 
metabolic activity of SRB? 
• Can Hg methylation dynamics be explained by either the availability of inorganic 
Hg (Hgj) or Hgj speciation? 
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In this sorting, several key points are considered: 
• In defining the relationship between methylation potential (as determined by 
injection of 200Hgj into sediment cores and monitoring its conversion rate to 
Me200Hg) and either aqueous-phase MeHgaq or sediment MeHg concentration, it 
should be noted that these three terms are best correlated when (1) the only source 
of MeHg is in situ production and (2) the turnover rate of MeHg is slow, such that 
high MMR results in proportionately high MeHgaq and sediment MeHg 
concentrations. As there are multiple factors, including infaunal density, 
hydrodynamics of the overlying water, and organic matter input rate that 
influence both methylation rate and MeHg accumulation, these terms are not 
strictly interchangeable in environments not meeting both criteria. Examples of 
the inconsistent and variable relationship between MMR, MeHgaq and sediment 
MeHg concentrations include an apparently poor predictive relationship between 
porewater MeHgaq and sediment MeHg in a transect of Patuxent River (MD) 
estuary surface sediments (Benoit et al., 1998), qualitative similarity between 
MMR and sediment MeHg in a transect of Florida Everglades surface sediments 
(Gilmour et al., 1998), weak or inconsistent relationships between sediment 
MeHg, porewater MeHg and MMR for cores collected within the Florida 
Everglades (Gilmour et al., 1998), moderately strong correlations between 
sediment MeHg and MMR within the Hudson River (NY) estuary turbidity 
maximum (R2 = 0.47; Heyes et al., 2004) and New England continental shelf sites 
(R2 = 0.34; Hammerschmidt and Fitzgerald, 2006), strong (R2 = 0.77) and weak 
(R2 = 0.16) correlations between sediment MeHg and MMR for sediment cores 
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collected from the Patuxent River (MD) estuary and Bay of Fundy, respectively 
(Heyes et al., 2006), and a qualitative similarity between porewater MeHgaq and 
sediment MeHg depth profiles for dialysis sampler and sediment core data from 
the Penobscot River (ME) estuary (Merritt and Amirbahman, 2007a). 
• Exploration of methylation dynamics must also explicitly include discussion of 
the processes that regulate biotic and abiotic demethylation. As such, any 
discussion of methylation is simultaneously an exploration of gross MeHg 
generation and the ambient biogeochemical processes that permit net MeHg 
accumulation. Recognizing the importance of this observation, the majority of 
isotope addition experiments are limited to < 12 h such that the calculated 
methylation (or demethylation) rate approximates a gross reaction rate. Rate 
determinations calculated from either long term incubations (> 12 h) or from in 
situ porewater gradients are best interpreted as net reaction rates. 
• Data including net and gross methylation rates exist for a range of experimental 
designs including pure culture incubations, amended sediment slurries, isotope 
injection to field-collected sediment cores, and field depth-profiles (as discussed 
below). As methylation rate appears sensitive to parameters including temperature 
(Korthals and Winfrey, 1987), ambient Hgj concentration (King et al., 1999), 
substrate concentration (King et al., 2000), and cell culture growth phase (Benoit 
et al., 2001a), it is difficult to meaningfully compare rate data across experiment 
type. Moreover, as zero-order rate data are frequently presented as the product of 
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the experimentally determined first-order rate constant (km) and the ambient 
pore water Hgj concentration (Hines et al., 2006), spike addition concentration 
(Marvin-DiPasquale and Agee, 2003) or ambient solid phase Hg concentration 
(Hammerschmidt and Fitzgerald, 2006), zero-order expressions presented for 
gross MMR easily vary by over > 3 orders of magnitude. 
• Relatedly, field data with which to examine the relationships that may control 
observed aqueous or solid-phase MeHg concentration include both vertical 
profiles (i.e., cores collected in one location and depth-sectioned for analysis) and 
longitudinal transects of surface sediments. While both methods of data collection 
provide relevant data for assessing the temporal and spatial extent of MeHg 
accumulation, conclusions drawn from each study type are not readily 
interchangeable. A vertical profile, while providing no information on a 
contaminant's areal extent, allows depth-specific comparison of MeHg 
concentration with observed gradients in analytes including S(-II), pH and 
dissolved organic matter (DOM) that may influence methylation dynamics. If the 
site under study is at depositional steady-state (in the sense that deposition 
dynamics have remained relatively consistent over time), such profiles are 
amenable to diagenetic modeling (e.g., Berg et al., 1998). Longitudinal transects, 
on the other hand, while providing important areal information on contaminant 
storage, frequently include degrees of hydrodynamic and geochemical variability 
that may limit their utility for identifying specific causal mechanisms. While 
measured factors such as sediment organic content (Lambertsson and Nilsson, 
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2006) or acid-volatile sulfide (AVS) (Hammerschmidt and Fitzgerald, 2004) may 
predict where MeHg is likely to accumulate in surface sediments, such variables 
may co-vary (Lawrence et al., 1999; Hammerschmidt and Fitzgerald, 2004), 
resulting in the potential of misleading causal interpretation. Moreover, as the 
concentration threshold of reactive sulfide specifically correlated with 
methylation inhibition has been defined in the literature to occur at > 0.03 umol S 
g"1 (Hammerschmidt and Fitzgerald, 2004), > 60 umol S g"1 (Craig and Moreton, 
1983) and 1 mM ZH2S (Muresan et al., 2007), it is challenging to explain how 
this inhibitory mechanism may specifically function. 
• With the exception of dialysis samplers or Diffusive Gradient in Thin Film (DGT) 
devices for aqueous phase measurements, porewater and solid-phase MeHg data 
are rarely presented with a depth resolution finer than 1 cm, and are sometimes 
presented as a bulk value for depth increments reaching 3-4 cm (e.g., Benoit et al., 
1998; Marvin-DiPasquale et al., 2003; Heyes et al., 2006; Drott et al., 2007). As 
porewater MeHg concentrations may vary by over an order of magnitude in the 
vicinity of the SWI, it is difficult to interpret bulk integrated values. As example, 
for Penobscot River estuary sites, porewater MeHg concentrations as determined 
by dialysis samplers with 0.25 cm cell spacing increase from ~ 2 pM to ~ 40 pM 
within the top 2.25 cm of the sediment column (Merritt and Amirbahman, 2007a). 
Similar sharp gradients in porewater MeHg concentration are seen within the 
vicinity of the SWI in studies from other coastal environments (e.g., Gagnon et 
al, 1996; Covelli et al., 1999; Choe et al., 2004). If these studies are 
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representative, the measured mean porewater concentration in studies taking bulk 
integrated averages can clearly vary significantly depending on the depth 
resolution of a surface sediment sample. This variance should be taken into 
consideration in attempts to correlate porewater MeHg concentration with other 
aqueous phase and sediment solid phase constituents whose measured 
concentration may also be affected by the numerical depth averaging employed. 
• Relatedly, in examining geochemical controls on mercury methylation, AVS 
concentration is not a robust proxy for porewater S(-II). While non- or low-
sulfidic environments are generally also only modest accumulators of AVS, the 
accumulation rate of AVS is controlled by factors beyond simply the production 
rate of porewater S(-II). Such factors include the availability of microbially 
reducible Fe(III), and the conversion rate of a dominant component of the AVS 
pool (FeS) to other more stably sequestered phases (such as FeS2) (Rickard and 
Morse, 2005). As such, sediments may show no consistent longitudinal or depth-
specific relationships between AVS and either S(-II) or Fe(II) concentrations (e.g. 
Gagnon et al., 1996; Stamenkovic et al., 2004; Meysman and Middelburg, 2005; 
Merritt and Amirbahman, 2007b). 
• It is well recognized from field data that the degree of bioturbation or physical 
mixing of the sediment by benthic infauna strongly influences the presence and 
persistence of concentration gradients in both the aqueous and sediment solid 
phases. Examples include depth profiles for SO42" and SRR (Kostka et al., 2002), 
99 
NH4+(D'Andrea et al., 2002), and porewater pH (Fisher and Matisoff, 1981). If 
one objective of MeHg research is to define or constrain mechanistic 
interpretation of field data it is important to recognize the significant implications 
of a bioturbation continuum (Benoit et al., 2006), including the observation that 
significant bioturbation may alter relationships between MMR, MeHgaq and 
sediment MeHg concentration. 
4.3. Metabolism-Related Influence on Mercury Methylation Rate 
In environments such as estuaries where SRB are thought to dominate microbial 
methylation dynamics, multiple researchers have sought specific relationships 
between SRR and MMR. That correlation between these rate terms may exist is 
consistent with the results of estuary sediment assays in which the conditions deemed 
most conducive to MeHg production and accumulation occur under active microbial 
mediation in anoxically maintained sediments (Martin-Doimeadios et al., 2004). Choi 
and Bartha (1994) present a strong correlation (R2 = 0.98 at 7 psu) between depth 
profiles of SRR and MMR for sediment cores collected along a salinity gradient in 
the Cheesequake (NJ) estuary. While all data are not provided, they observe that the 
depth profiles of SRR and MMR, in which rates are highest near the SWI and then 
decrease significantly with depth, are consistent across the studied salinity gradient 
(7-20 psu). SRR decreases from 300 nmol g"1 d"1 to < 50 nmol g"1 d"1 (all rates with 
units as presented in the cited research) over 0-10 cm, while MMR decreases from 
-25 ng g"1 d"1 to ~ 5 ng g"1 d"1 over the same depth interval. Choi and Bartha (1994) 
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conclude that the major potential factors controlling MeHg production and 
accumulation are the availability of organic matter and S04 ", as both factors may 
limit the activity of SRB. 
Devereux et al. (1996) examined MMR, SRR, and the distribution of SRB as a 
function of depth in sediment cores collected from the Santa Rosa (FL) estuary. 
Porewater S(-II) increased from below detection to ~ 0.8 mM across the depth profile 
studied. SRB community structure was analyzed with rRNA probes designed to 
assess both the activity of specific Gram-negative mesophilic SRB and the relative 
contribution (in terms of presence not activity) of probed genera to the overall 
anaerobic bacterial community (as determined by the universal 16S rRNA probe). 
While SRR data are not presented, the authors observe that the highest measured SRR 
of 3.5 nmol mL"1 h"1 occurs at the sediment depth (3-4 cm) correlated with the highest 
mean (n = 3) MMR of- 2.5 ng mL"1 d"1. Microbial community analysis suggests that 
(1) total rRNA decreases with depth in the sediment, (2) SRB probes account for < 
5% of total microbial rRNA, and (3) some evidence exists for zonal stratification of 
probed SRB genera as a function of depth. These authors conclude that the observed 
depth variation in metabolic activity and/or number of SRB, and hence potentially the 
MMR, may result from depth-dependent gradients in electron donor availability 
and/or utilization. 
King et al. (1999) assessed the correlation between MMR and SRR in anoxic 
sediment slurries and intact sediment cores. For sediment slurry incubations the 
researchers observed that increasing incubation temperature increased both SRR and 
MMR, and that manipulating either substrate availability or SO42" reduction potential 
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by the addition of inhibitors similarly affected the MMR. Substrate addition 
experiments included acetate and pyruvate, and for both substrates the MeHg 
accumulation rate over 36 h was greater than in control (unamended) slurries. 
Moreover, the addition of molybdate to the slurry incubations significantly decreased 
both SRR and MeHg accumulation. Based on their results. King et al. (1999) propose 
that MMR may be predicted as a linear function of SRR at SRR < 30 nmol g"1 h"1, 
corresponding to a limiting MMR - 1500 pg g"1 h"1. S(-II) was not measured in the 
slurry incubations, although conditions were maintained at a reduction potential 
between -0.11 to -0.22 V and sulfate reduction was clearly occurring (mean SRR = 
4.8 nmol g"1 h"1). 
While conditions presented in a continuously agitated slurry reactor are clearly 
distinct from those describing incubated intact sediment cores, isotope injection 
experiments utilizing saltmarsh sediment cores further demonstrated that both SRR 
and MMR decrease in parallel from a near-surface peak moving down core (King et 
al., 1999). In intact sediment cores (as opposed to the sediment slurry incubations 
described above), mean SRR decreased from ~ 50 nmol g"1 h"1 at the SWI to ~5 nmol 
g"1 h"1 by 10 cm, with mean MMR decreasing from ~50 pg g"1 h"1 to ~1 pg g"1 h"1 over 
this same depth increment. While subsequent research with cores collected from the 
same saltmarsh ecosystem demonstrated small differences (factor of 2-3) in absolute 
rates for SRR and MMR, all cores replicated a consistent trend in a surface or near-
surface maximum in both SRR and MMR that decreases with depth in the sediment 
(King et al., 2001). 
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Such a depth trend in measured SRR is commonly observed in non-bioturbated 
coastal marine and saltmarsh sediments (e.g., Novelli et al., 1988; Holmer and 
Kristensen, 1996; Schubert et al., 2000; Kostka et al , 2002), and has been explained 
as a function of SRB relative abundance. SRB abundance may, in turn, be controlled 
by factors such as organic matter input rate or limitations of dissolved oxygen transfer 
from the overlying water. This explanation is supported by observations that variation 
in measured SRR as a function of sediment depth appears reasonably well correlated 
with absolute SRB numbers (Sahm et al., 1999; Bottcher et al., 2000; Llobet-Brossa 
et al., 2002), and that the observed decrease in SRB numbers with depth is not 
necessarily driven by SO42" limitation (Bottcher et al., 2000; Wilms et al., 2006). If 
the SRR profile is defined in terms of a depth zone demonstrating maximum SRR 
(SRRmax), factors such as significant bioturbation or a significantly extended Fe(III) 
and Mn(III/IV) reduction zone may alternately eliminate a SRRmax in the depth 
profile (e.g. Holmer and Kristensen, 1996; Kostka et al., 2002) or result in its 
manifestation at greater sediment depth (e.g., Canfield et al., 1993), respectively. In 
the context of Hgj methylation, these observations suggest that the decrease in MMR 
frequently observed at depth in coastal marine sediments may be driven by the same 
general factors responsible for the decrease in SRB community metabolism. 
Research with pure cultures of various SRB genera has documented that, on a per 
cell basis, acetate-utilizing SRB methylate Hg at significantly higher rates than non-
acetate utilizing SRB (King et al., 2000). This heightened methylation efficacy is 
potentially metabolic in origin and correlated with the induction of methyl transferase 
enzymes as a component of complete acetate oxidation (King et al., 2000). Other 
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research has documented contrasting results, with Ekstrom et al. (2003) observing 
methylation rates (on a per cell basis) that are equivalent for incompletely acetate-
oxidizing SRB {Desulfobulbus propionicus lpr3) versus completely acetate-oxidizing 
SRB (Desulfococcus multivorans lbel). Although the acetyl-CoA pathway clearly 
represents only one of several possible CH3" transfer pathways (Ekstrom et al., 2003), 
the hypothesis that methylation of Hg may be enzymatically catalyzed is supported by 
research noting that (1) the inhibition of the acetyl-CoA synthase pathway inhibits 
MeHg synthesis by Desulfovibrio desulfuricans LS (Choi et al., 1994a), and (2) that 
methylation rates in laboratory assays are significantly higher in the presence of cell 
extracts containing Co-enriched corrinoid proteins (a likely CH3" carrier) than simply 
in the presence of methylcobalamin (Choi et al., 1994b). Moreover, that methylation 
rate varies with microbial growth phase (Pak and Bartha, 1998; Benoit et al., 2001a), 
coupled with the observation that little methylation occurs in the absence of SO42" for 
an acetate-oxidizing genus of SRB (Desulfobacterium) (King et al., 2000) further 
supports the hypothesis that Hg methylation may be linked to a respiratory or 
metabolic process. 
King et al. (2000) supplemented pure culture experiments with marine sediment 
slurry incubations in which SRR and MMR were determined under acetate and lactate 
addition. Results suggested that when normalized to SRR, MMR decreased in the 
order acetate > lactate > control sediment (no amendment addition) and that the SRB 
community composition varied in relative genera abundance under these tested 
regimes. These observations suggest that MMR may be affected both by overall 
community metabolism (defining the overall SRR) and by conditions such as the 
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presence and activity of syntrophic bacteria or the growth phase of emergent marsh 
vegetation that influence the quality and composition of the available SRB substrate 
pool. 
Other research has observed poor or inconsistent correlation between SRR and 
MMR. Hines et al. (2006) examined SRR and MMR (via isotope injection of 203Hg) 
in sediment cores collected from coastal marine sediments in the Adriatic Sea. They 
observed that for seasonal sampling, SRR was higher in late summer than early 
spring, with the greatest seasonal increase occurring in near surface sediments. Mean 
surface sediment SRR increased from -10-50 nmol mL"1 d"1 in March to -75-250 
nmol mL"1 d"1 in August. While corresponding MMR also increased with the 
warming of overlying waters, the rate increase appeared significant throughout the 
depth of the sediment cores. The highest measured mean MMR constant (km = 0.07 
d" of added Hg), as example, occurred at one site at a depth of ~5 cm in August, 
inconsistent with the sediment depth of maximum seasonal SRR. 
Gilmour et al. (1998) assessed methylation dynamics in surface sediment 
transects and sediment cores collected along a trophic gradient in the Florida 
Everglades. For the sediment transect, methylation rate was assessed by 203Hgj 
injection into homogenized surface sediment (0-4 cm) incubations. For the sediment 
cores, methylation rate was assessed by Hgi injection at 1 cm intervals into the 
sediment column. These authors observed MMR in surface sediments that both varied 
seasonally and increased across the trophic gradient studied. Mean (n = 2-5) MMR in 
surface sediments was < 10 ng g"1 d"'. Corresponding SRR was presented as a range 
(10-60 mmol m" d" ) with little supporting information regarding either seasonal or 
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trophic gradient-related variability. For incubated sediment cores, SRR and MMR 
appeared poorly correlated as a function of depth, with SRR either increasing with 
depth to a broad subsurface maximum before declining deeper in the core or 
demonstrating no depth-dependent gradient. In both cores MMR increased to a 
distinct subsurface peak at 3 cm then declined more sharply with depth than the 
corresponding broad peak in SRR (when present). Peak MMR were ~ 4 ng g" d", 
with corresponding SRR of-100-300 nmol cm"3 d"1. Results from core incubations in 
which specific inhibitors of SO42" reduction were added were inconsistent in terms of 
limitations on MMR, leading the authors to conclude that MMR may be controlled by 
either SO42" or S(-II) concentration depending on particular sampling site and 
sampling season. 
4.4. Speciation-Related Influence on Mercury Methylation Rate 
If methylation of Hgi is predicated on diffusive uptake of dissolved Hgi (Benoit et al., 
1999a), then a relationship should exist between MeHg production and either total 
dissolved Hgi or the concentration of a particular dissolved Hgi species. As examples, 
Hammerschmidt and Fitzgerald (2004) assessed methylation potential via injection of 
200Hg into Long Island Sound (NY) sediment cores. Regression of methylation 
potential (% methylated d"1) against porewater Hgi varied seasonally in proportion of 
variance explained between March (R2 = 0.54) and August (R2 = 0.78) with the 
porewater Hgi concentration reaching (with the exception of one high Hgi outlier) 175 
pM at a methylation potential of 0.15 d"1. Samples (n = 6) excluded from the 
regression analysis had S(-II) > 50 uM and demonstrated significantly lower 
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methylation potential than predicted based on the porewater Hgj concentration. These 
samples represented the 4-10 cm depth increment from the June sampling of their 
western Long Island Sound field site. In New England continental-shelf sediments 
Hammerschmidt and Fitzgerald (2006) observed a similar correlation (R2 = 0.60) 
between Hgj (reaching 30 pM) and 200Hg methylation potential (reaching 0.2 d"1). In 
neither study was an upper limit or plateau reached for methylation potential and in 
all study sites (with the exception of the six omitted samples discussed above), 
porewater S(-II) was < 10 uM. 
In pure culture experiments with Desulfobulbuspropionicus (lpr3) Benoit et al. 
(2001a) also observed a positive linear correlation between filtered Hgj and unfiltered 
MeHg. This relationship spanned a Hgj range of 0-200 pM and a MeHg range of 0-65 
pM. The incubation time was 6 d and S(-II) concentration was maintained at 1 \xM 
throughout the incubations. King et al. (1999) examined MMR in terms of both the 
concentration of initially added Hgj and the aqueous phase Hgj that remained 
available over the 36 h incubation. Results suggested that (1) rapid sorption of the Hg 
spike to sediment solid phases resulted in an aqueous phase Hgj concentration that 
was < 0.2% of the spike concentration and (2) that for incubations < 12 h, MMR was 
linearly correlated with aqueous phase Hgj (R = 0.94) over the Hgj concentration 
range 100-650 pM. 
While it is difficult to define the mechanism behind linear relationships between 
MMR and Hgj—in this case, King et al. (1999) have demonstrated that a decrease in 
aqueous Hgj correlates with a decrease in MMR, and, separately, that an additional 
Hgj spike following a 24 h incubation increases the MMR—these data do suggest that 
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within a porewater Hgi range that spans most field Hgj data, MMR is positively 
influenced by increasing porewater Hg, concentration. If such a relationship based on 
total Hgi is interpreted mechanistically, however, it may obscure several key issues 
including whether (1) MMR may actually be driven not by total Hgi but by the 
concentration of a particular Hg, species and/or (2) whether the linear relationship 
observed between MMR and Hg; may be a function of a distinct driving variable such 
as the quality or production rate of requisite microbial substrate. 
Addressing the question of whether speciation may influence MMR, several 
studies have examined whether microbial Hgj availability and/or MMR may be 
influenced by the concentration of DOM or other potential complexing ligands 
(Ravichandran et al., 1999; Hintelmann et al, 2000), the concentration of neutral, 
uncharged Hg complexes (Benoit et al., 1999a), pH (Paquette and Helz, 1995), and/or 
the concentration of aqueous polysulfide species (Jay et al., 2000). Benoit et al. 
(1999a) propose that porewater S(-II) concentration likely influences Hgi speciation 
and that the microbial availability of Hgi is controlled not by total Hgi, but by the 
concentration of uncharged Hg-S(-II) species, principally HgS°. Subsequent ab-initio 
calculations have suggested that this species is likely unstable when hydrated and 
more likely exists as Hg(SH)(OH)° (Tossel, 2001). While this alternate Hg-S(-II) 
complex may vary in its diffusivity, pH sensitivity and cellular uptake rate relative to 
HgS°, the following discussion will continue to employ the neutral Hg-S(-II) species 
as HgS°. This model is based on consideration of sediment MeHg and aqueous phase 
Hgi and S(-II) data for surface sediments (0-4 cm) collected along transects in the 
Patuxent River (MD) estuary and Florida Everglades. For both study sites, although 
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there appears to be little or no gradient in sediment MeHg at > 1 uM S(-II), chemical 
equilibrium modeling suggests that Hg; speciation, in the form of the neutral Hg-S(-
II) species HgS° + Hg(HS)2° explains sediment MeHg concentration. Coefficients of 
determination for the sum of neutral Hg-S(-II) species versus sediment MeHg 
concentration are R2 = 0.50 and R2 = 0.59 for Patuxent River and Florida Everglades 
sediments, respectively. 
Related research has tested this model, hypothesizing that for a fixed 
concentration of Hgj, an increase in porewater S(-II) would correlate with a 
decreasing fraction of neutral Hg-S species, which might in turn limit either the 
MeHg production rate or MeHg accumulation in sediments (Benoit et al., 1999b). It is 
worth noting that the original data from which the model was derived represent, in the 
case of the estuary sediments, surface sediment transects in which (1) no strong 
correlation is apparent between sediment MeHg and porewater MeHg and (2) there is 
only an inferred correlation between sediment MeHg and MMR (Benoit et al., 1998). 
In laboratory experiments Benoit et al. (1999b) observed that increasing S(-II) over 
the range ~ 1 uM-10 mM results in an observed non-linear decrease in the octanol-
water partitioning of Hgj. These results suggest that Hgj partitions preferentially into 
the octanol phase at low S(-II) concentrations and support the presence and activity of 
a lipophilic Hg-S(II) species. 
While Benoit et al. (1999a) note that its contribution to the sum of neutral species 
is minimal, the inclusion of Hg(HS)2° in their model suggests a further pH-
dependence of modeled data (Schwarzenbach and Widmer, 1963). At pH = 7.0, as 
selected by Benoit et al. (1999a), the charged species HgS2H".is dominant over the 
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uncharged Hg(HS)2 species. Depending on the equilibrium constants chosen for the 
one proton dissociation of Hg(HS)2°, however, (compare Table 2 versus Table 3 of 
Benoit et al. (1999a)), the first pKa for Hg(HS)2° may vary by as much as 0.5 pH unit. 
With a pKa of 6.0, a realistic variation in porewater pH, as may occur at different 
sediment depths as a function of microbial mineralization dynamics, redox reactions 
or sediment sampling locations along an estuary transect, will influence the 
concentration of Hg(HS)2°. Such variation in Hg(HS)2°concentration may be 
important in that if diffusive microbial uptake is a function of the availability of 
neutral Hg-S(-II) species, as is suggested at S(-II) < 100 uM by further work by 
Benoit et al. (2001b), then whether any particular species dominates the porewater 
Hg-S(-II) pool is less significant than whether changes in the factors dictating 
speciation (such as pH or S(-II)) affect the absolute concentration of a particular 
neutral Hg-S(-II) species. 
Other research focusing on the availability of HgS0 for methylation has 
demonstrated a linear relationship between HgS0 concentration and measured MeHg 
(unfiltered) for Hgi originating from the dissolution of various Hg-bearing rock types 
(Benoit et al., 2001b). Coefficients of determination between HgS0 concentration and 
unfiltered MeHg vary between R2 = 0.79-0.81 for separate experiments, with this 
small difference in R values likely explained by differing inoculum concentrations, 
and thus cell growth characteristics, in each experiment. Although HgS0 accounts for 
< 20% of dissolved Hgi at the S(-II) concentrations presented in this study, (compare 
Fig. 4 and Fig. 5), and the potential contribution of Hg(HS)2°to the sum of neutral 
Hg-S species hypothesized to influence methylation appears not to have been 
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assessed, the researchers conclude that MeHg production in aquatic environments is 
controlled both by microbial activity and the role that Hg-S(-II) speciation plays in 
heightening diffusive uptake of Hgj (Benoit et al., 2001b). This research, although 
noting that the mechanistic linkage between HgS° and MeHg concentration remains 
unclear, highlights the linked nature of the dominant processes (i.e., metabolic 
activity and speciation) affecting methylation rates in estuarine and coastal marine 
sediments. 
Research assessing factors that may increase aqueous phase concentrations of Hgi 
has further observed that under conditions allowing the accumulation of rhombic 
sulfur (S°), the reaction of S° with HS" results in the formation of aqueous polysulfide 
species that appear to enhance the solubility of cinnabar (HgS(S))(Paquette and Helz, 
1997). Subsequent experiments by other researchers, while substantively confirming 
the conclusions of Paquette and Helz (1997) regarding increased HgS(S) solubility in 
the presence of S°-generated polysulfides (Jay et al., 2000), have found no correlation 
between increasing Hgi solubility and increasing MMR (Jay et al., 2002). These 
authors attribute the uncoupling of Hgi production from MeHg accumulation to the 
fact that polysulfide-mediated speciation markedly increases the concentration of 
charged Hg-S(-II) species. As these species do not readily diffuse through lipid 
membranes, their increased concentration appears to have no substantive effect on 
observed MMR. 
Field interpretation of these laboratory experiments has focused on the likelihood 
that there is an optimum S(-II) concentration for Hg methylation (e.g., Heyes et al., 
2006; Hammerschmidt and Fitzgerald, 2006; Hines et al., 2006; Lambertsson and 
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Nilsson, 2006; Munthe et al., 2007), with that optimum (< 10 uM; Benoit et al., 
2001b; Benoit et al., 2006) defined by the concentration above which HgS° no longer 
dominates Hg-S(-II) speciation. In this scenario, speciation is argued to be 
predominantly a function of S(-II) concentration. Interpretation of field experiments 
that may allow testing of this hypothesis is often hindered, however, by incomplete 
provision of ancillary chemistry including porewater pH, DOC, S(-II), and Fe(II) 
concentration profiles. Although there are valid reasons, including small sample 
volume, expense, and time constraints on various analytes' stabilities, for the absence 
of key analyte data, the inability to geochemically define the system in question limits 
our ability to critically compare potential Hg speciation models and to validate the 
existence of an optimum S(-II) concentration in a given system. 
Recently published research (Drott et al., 2007; Merritt and Amirbahman, 2007a) 
has examined site-specific profiles of porewater Hgj and MeHg. These studies have 
also provided either/both the spatial resolution and ancillary chemistry required to 
compare factors potentially influencing Hg; speciation and methylation rate (as 
determined by isotope injection or diagenetic modeling of porewater MeHg profiles). 
For porewater profiles collected in both freshwater and brackish water 
environments, Drott et al. (2007) report that no correlation exists between the 
measured concentration of dissolved S(-II) and either sediment MeHg or neutral Hg-
S(-II) speciation. That is, neither sediment MeHg concentration, nor the concentration 
of lipid-permeable Hg-S(-II) species may be defined as a function of porewater S(-II) 
concentration (which varied between 0.3 uM-700 uM for the brackish water sites). 
For these brackish sites, correlation does exist (R = 0.64), however, between the sum 
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of neutral Hg-S(-II) species HgS + Hg(HS)2 and sediment MeHg concentration and 
(with an important caveat described below) between the concentration of neutral Hg-
S(-II) species and the MMR (as determined by 201Hg injection). The correlation 
between neutral Hg-S(-II) species and MMR (R2 = 0.58) is, however, contingent on 
the exclusion of surface sediments (0-5 cm and 0-3 cm depth increments) from the 
regression. Both the MMR and the concentration of neutral Hg-S(-II) species (see 
Fig.Id versus Fig 4, Drott et al, (2007)) are higher in the excluded sediments, but 
presumably are not well described by the indicated relationship (as discussed by Drott 
et al., 2007). As the near surface (excluded) sediments are not uniformly described by 
either decreased S(-II) or lower pH relative to deeper sediment increments, the 
increase in total neutral Hg-S(-II) species predicted for this shallow depth zone cannot 
be attributed to simple factors that vary predictably between distinct sampling sites. 
Using the diagenetic model PROFILE, Merritt and Amirbahman (2007a) showed 
that for a site in the Penobscot River (ME) estuary, the net methylation rate was 
highest at ~ 2-7 cm depth in mudflat sediments. This depth increment is coincident 
with the highest concentration of both HgS0 and combined HgS0 + Hg(HS)2° species 
(Case II), and coincident with the highest concentration of Hg(HS)2° species when 
modeled without the inclusion of the HgS0 species (Case I). While the concentration 
of HgS0 dominates neutral Hg-S(-II) speciation, both Case I and Case II predict an 
increase in the concentration of neutral Hg-S(-II) species within the depth increment 
defined by the highest net methylation rate. This similarity in speciation model 
predictions results from a simultaneous low concentration of S(-II) (~ 20 uM) and a 
decrease in pH (from pH 7.0 to 6.6 between the SWI and 3.75 cm depth, then 
113 
gradually increasing to pH 7.0 by 7 cm depth) within this depth increment. While 
such overlap in controlling variables (i.e., pH versus S(-II) concentration) limits the 
ability to define the dominant neutral Hg-S species, and while no data are presented 
from which to assess depth-specific variation in SRR or other measures of SRB 
community metabolism, the correlation between PROFILE data and neutral Hg-S(-II) 
speciation is consistent with the hypothesis that diffusive uptake of uncharged Hg-S(-
II) complexes influences methylation rate (Benoit et al., 1999a). 
For the field data presented above, the highest measured porewater MeHg 
concentration of 72 pM occurs at a S(-II) concentration of 20 uM (Merritt and 
Amirbahman, 2007a). However, using laboratory incubated sediment columns 
collected from the same Penobscot River estuary (ME) study site and maintained 
under varying redox regimes, the porewater S(-II) concentration coincident with 
highest porewater MeHg concentration increases from ~70 uM to -700 uM as a 
function of progressive anoxia generated in the sediment columns. Moreover, the 
highest measured porewater MeHg concentration (117 pM) occurs in the column 
where the redoxcline is closest to the SWI. Porewater S(-II) concentrations range 
from < 1 uM to 1.2 mM for this experiment and for all redox manipulations increase 
with sediment depth as expected. 
4.5. Demethylation Dynamics 
While this review has addressed the often observed decline in MMR with increasing 
sediment depth, methylation dynamics within the vicinity of the SWI warrant further 
examination. As the processes responsible for methylation of Hgj and demethylation 
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of MeHg frequently overlap both spatially and kinetically, factors influencing the 
relative balance between these terms may determine the extent to which MeHg 
generated within sediment porewater accumulates in the vicinity of the SWI. As 
porewaters may be enriched in MeHg relative to the overlying water (e.g., Rolfhus et 
al., 2003; Choe et al., 2004), net MeHg accumulation near the SWI may generate a 
concentration gradient with implications for MeHg diffusive flux to the overlying 
water. 
Research examining the balance between MeHg production and degradation has 
documented the existence of multiple demethylation pathways. Abiotic demethylation 
may occur either photochemically (Sellers et al., 1996; Hammerschmidt et al., 2006) 
or via a S(-II)-mediated transformation of MeHg into dimefhylmercury and HgS(S> 
(Baldi et al., 1993; Wallschlager et al., 1995), although the significance of these 
MeHg loss mechanisms within the shallow sedimentary environment remains an open 
question (e.g., Gagnon et al., 1996; Bloom et al., 1999; Hintelmann et al., 2000; 
Martin-Doimeadios et al., 2004). 
Microbially mediated demethylation has been observed to occur by both reductive 
and oxidative pathways and may result from either cellular detoxification or 
metabolic mechanisms across a broad range of microbial genera. Reductive 
demethylation, in which the end products of MeHg degradation are CH4 and either 
Hg(II) or Hg°, occurs in both aerobic and anaerobic environments, and represents a 
mercury resistance mechanism encoded in plasmid carried mer-operons (Marvin-
DiPasquale et al., 2000). Mer operons appear to be widely distributed in nature, 
occurring in both gram-negative and gram-positive bacteria (Barkay et al., 2003), and 
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appear to be induced under high aqueous phase Hg; or MeHg (depending on the 
specific operon) concentration (Schaefer et al., 2004). Complete reductive 
demethylation via mer-operons may be viewed as a two-step process: a mer-B gene 
first encodes for the production of organomereurial-lyase, an enzyme responsible for 
CH3" group cleavage and the resultant transformation of MeHg to CH4 + Hg(II); a 
mer-A gene separately encodes for the production of mercuric reductase and the 
reduction of Hg(II) to Hg° which may potentially volatilize from surface sediments. 
In anaerobic environments, the reduction of Hg(II) to Hg° may also occur via mer-
independent pathways involving respiratory electron transport activity (Wiatrowski et 
al., 2006). Dissimilatory metal reducing bacteria, including species of the genus 
Geobacter, have demonstrated such Hg(II) reduction ability in the presence of 
suitable electron donors (acetate) and acceptors (Fe(III)) (Wiatrowski et al., 2006). 
Abiotic reduction of Hg(II) to Hg° in the presence of reducible Fe(III) citrate has also 
been demonstrated in laboratory incubations of saturated tropical soils (Peretyakhko 
et al , 2006). 
Oxidative demethylation, in which the CH3" group in MeHg appears to be utilized 
as a simple Ci substrate analog, results in the dominant production of CO2 + Hg(II). 
CO2 production from MeHg degradation has been observed in anaerobic incubations 
of estuary sediments and in anaerobic and aerobic incubations of freshwater 
sediments and is at least partly mediated by SRB, methanogenic bacteria and aerobes 
(Oremland et al., 1991). This MeHg loss mechanism has been reported in sediments 
that span the freshwater to hypersaline continuum (Oremland et al., 1991; Hines et 
al., 2006) and appears to function across a broad range of sediment contaminant 
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concentrations (Oremland et al., 1995; Marvin-DiPasquale et al., 2000; Marvin-
DiPasquale et al., 2003). Experimentally it has been shown that for depth profiles of 
labeled [14C]MeHg, 14CC>2 production appears generally greater in surface sediments 
and decreases down core (Oremland et al., 1995). It is important to note that as 
oxidative demethylation utilizes the CH3" group, the carbon end product will be 
determined by the depth-specific dominant respiratory process (Oremland et al., 
1991). Thus, while CO2 production likely dominates in environments defined by the 
abundance of denitrifiers, dissimilatory metal reducers and SRB, CH4 production may 
likely result from oxidative demethylation under methanogenic conditions (Warner et 
al., 2003). As the Hg end-product of oxidative demethylation is Hg(II), this 
demethylation pathway results in an aqueous phase Hg species that may actively 
recycle within the sedimentary environment (Barkay et al., 2003). 
As with methylation rate assays, potential demethylation rates have been 
estimated in intact sediment cores and slurry incubations. Depth profiles of 
demethylation rate, as determined by isotope injection of 14CH3HgCl into sediment 
cores, have demonstrated that while rates may vary seasonally (Hines et al., 2006), 
they appear to vary less significantly with sediment depth than methylation rates (e.g., 
Heyes et al., 2006; Hines et al., 2006; Lambertsson and Nilsson, 2006). The latter 
conclusion is conceptually similar to observations made in slurry incubation 
experiments assessing wetland sediment methylation and demethylation rates under 
varying dominant respiratory processes (i.e., Fe(III)-reducing, SO4 "-reducing, and 
methanogenic conditions) (Warner et al., 2003). In this research, while methylation 
rates in wetland sediments varied significantly over time under the conditions 
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described above, and were generally lower under Fe(III)-reducing versus SO4 "-
reducing or methanogenic conditions, demethylation rates (while not presented on a 
cell specific basis) appeared relatively constant over time and similar in magnitude 
for all terminal electron acceptor treatments (Warner et al., 2003). 
These observations suggest that if MeHg production (M) and degradation (D) 
rates are presented in terms of either a —ratio or a measure of net methylation 
potential (NMP) as defined by the difference between MeHg production and 
degradation rates, the depth distribution of these variables (i.e., — or NMP) may 
mirror that of typical MMR. As example, Marvin-DiPasquale et al. (2003) present a 
— ratio depth profile that increases downward from the vicinity of the SWI (— < 1) 
to a mid-depth maximum (—> 1), then decreases again at greater sediment depth. 
This depth profile is mirrored in the MMR profile presented for the same field 
sampling site (see Table 2 of Marvin-DiPasquale et al. (2003)). Moreover, 
Lambertsson and Nilsson (2006) present data demonstrating that both the MMR and 
NMP profiles vary in concert for field sites ranging from a shallow sandy bay with 
low organic matter content (< 1%) to a deep depositional hole with stagnant bottom 
water circulation and significant organic matter content (> 10%). If these sites are 
viewed as end members along a transect in organic matter concentration, site specific 
depth profiles suggest (1) little gradient in MMR as a function of depth and NMP 
consistently < 0 for the coarse grained sandy bay site, (2) concurrent subsurface 
maxima (3-5 cm) in both MMR and NMP for sites defined by moderate organic 
matter accumulation (i.e., sited at intermediate location along the hypothetical 
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transect), and (3) near SWI maxima (< 2 cm) in both MMR and NMP for the organic-
rich depositional site. These correlations between MMR and NMP may be visualized 
as a progressive shoaling of the net MeHg production zone toward the SWI with an 
increase in sediment organic matter that may facilitate the activity of SRB close to the 
SWI (Lambertsson and Nilsson, 2006). 
Laboratory demonstration of this same phenomenon has documented a shoaling 
of the zone of maximum net methylation and a heightened potential for diffusive 
MeHg efflux across the SWI when water overlying incubated sediment cores is 
allowed to pond (Merritt and Amirbahman, 2007a). These results suggest that 
progressive near surface anoxia, whether induced through limiting dissolved oxygen 
re-supply from overlying water and/or via the potential enhancement of anaerobic 
microbial respiration under high organic matter input (as inferred from data in 
Lambertsson and Nilsson (2006)), may narrow or eliminate a near-surface zone 
characterized by net demethylation. Elimination of this zone may thus allow 
significant net MeHg production to occur at or near the SWI (Merritt and 
Amirbahman, 2007a). 
4.6. Conclusions 
In near-surface sediments, the influence of relative anoxia on the dominance of 
methylation versus demethylation processes may thus conceptually explain variations 
in MMR and MeHg concentration described in the literature. As depth trends in SRB 
activity appear to correlate reasonably well with depth trends in SRR (as discussed 
above), and as SRR depth profiles may be affected by the same balance of factors that 
119 
influence net methylation rates, the hypothesis of SRB community control on near 
surface Hg, methylation rate is well supported. Hgj speciation, as a function of S(-II) 
and/or pH and/or DOM concentration likely also plays a role in MMR profiles, 
although the exact nature of the controlling or limiting ligand(s) is difficult to discern. 
As examples, Sunderland et al. (2006) have observed that across a gradient in total 
organic matter enrichment, both the fraction of total sediment Hg that is MeHg and, 
potentially, the net rate of Hg methylation appear greater when porewaters also 
contain higher concentrations of S(-II). Sulfide concentrations reach 4 mM for these 
field data. Various researchers have further observed that a zone of moderately 
decreasing (0.3-0.5 pH units) porewater pH is frequently observed within the suboxic 
zone of non-bioturbated coastal marine sediments (Muller et al., 1997; Komada et al., 
1998; Cai et al., 2000; Jourabchi et al. 2005), thereby placing a pH gradient with an 
influence on Hg-S(-II) speciation within the depth interval defined as demonstrating 
an optimum S(-II) concentration and higher relative methylation rates. Moreover, that 
S(-II) concentrations generally increase with depth in the non-methanogenic zone of 
coastal marine sediments, but are likely to be low in the depth zone characterized by 
the highest density of SRB (e.g., Laanbroek and Pfennig, 1981; Sahm et al., 1999; 
Llobet-Brossa et al., 2002), makes it is difficult to assess whether an optimal low 
concentration of S(-II) drives methylation or is simply correlated as a function of 
depth with the zone characterized by both greatest SRB metabolic activity and rapid 
cycling of labile substrate. 
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At greater sediment depth, MMR is frequently observed to decline relative to 
rates observed at or near the SWI (e.g., Gilmour et al., 1998; King et al., 1999; King 
et al., 2001; Langer et al., 2001; Merritt and Amirbahman, 2007a). Researchers have 
attributed this decline in MMR to either S(-II) mediated inhibition (Gilmour et al., 
1998; Langer et al., 2001) or the effect of diminishing substrate quality on the 
metabolic activity of sulfate reducing bacteria (SRB) (King et al., 1999). Sulfide 
mediated inhibition has been alternately defined as a function of Hg-S speciation 
(Benoit et al., 1999a), the ability of S(-II) to sequester Hg as HgS(S), thereby limiting 
porewater Hgj availability (e.g., Covelli et al., 1999; Langer et al., 2001), S(-II) 
reactivity with MeHg to form volatile dimethylmercury (Baldi et al., 1993), and the 
potential for S(-II) toxicity to methylating microbes (e.g., Benoit et al., 2001a). While 
high S(-II) concentrations may degrade the quality of labile microbial substrate 
(Wakeham et al., 1995) or limit microbial access to the trace metals (including Co, 
Ni, and Zn) required to form metabolic enzymes (Patidar and Tare, 2004), there is 
little consistent evidence for S(-II)-mediated toxicity to SRB at common field 
concentrations of S(-II) (< 1-2 mM) (Laanbroek and Pfennig, 1981; Hoppe et al., 
1990; Sundback et al., 1990; Reis et al., 1992). Moreover, it is questionable whether 
HgS(S) is stably sequestered and/or microbially unavailable under sulfidic conditions 
(Morse and Luther, 1999; Ravichandran et al, 1999; Hintelmann et al., 2000). That 
porewater MeHg concentrations may appear high even in the presence of 
considerable porewater S(-II) (e.g., King et al, 2000; Langer et al., 2001; Drott et al., 
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2007; Merritt and Amirbahman, 2007a) suggests that a proposed simple correlation 
between MMR and an optimum S(-II) concentration may confound clear mechanistic 
interpretation of the observed methylation rate data. 
Whether observed trends in diminishing substrate quality with increasing 
sediment depth result in a simple decrease in SRB number with depth (as is often 
observed) or a combination of diminished number coupled with a decline in cell 
specific sulfate reduction rates remains an area for fruitful examination. Research on 
this question, for example, has observed sharper gradients in cell specific SRR within 
near surface marine sediments (0-5 cm) than at greater depth (5-10 cm) within the 
same sediment profiles (Sahm et al., 1999; Ravenschlag et al., 2000). While such data 
may suggest that the decline with depth in SRR (and potentially MMR) observed in 
coastal marine sediments is a function of decreasing overall SRB numbers, it is also 
likely that this overall trend obscures real depth-related differences in SRB 
community composition. As SRB community differences may arise from multiple 
factors, including the production rate and/or accessibility of specific substrates, 
answering such questions may aid in illuminating the ultimate controls on both MeHg 
production and accumulation in estuarine and coastal marine ecosystems. 
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Chapter 5 
Research implications for the Penobscot River Estuary, Maine, USA 
Although the ligand-mediated rate of porewater Hg production appears slow in 
the sediments of the Frankfort Flats reach of the Penobscot River estuary, the 
enhanced solubility of sediment Hg in the presence of S(-II) implies that the sediment 
depth over which critical biogeochemical Hg processes occurs may require expanding 
beyond surface sediments. This expansion of the depth zone of active biogeochemical 
Hg cycling may be of particular ecological importance in low-deposition rate 
environments such as the Frankfort Flats study site. In these sediments, for example, 
ligand-mediated complexation at depths exceeding 13 cm generates the porewater Hg 
gradient responsible for an upward diffusive Hg flux. Although Hg-specific siloxane 
gel data suggest that, at least in Penobscot estuary sediments, the bulk sediment Hg 
pool is generally non-reactive over short (< 30 d) time intervals, this diffusive flux 
demonstrates that while estuaries may on the large scale serve as significant 
particulate Hg sinks, they simultaneously function via porewater geochemical 
transformation as long-term sources of dissolved Hg. 
In terms of methylation dynamics, the relationship observed between the depth of 
the sediment redoxcline and the potential for shallow sediment net MeHg production 
has implications for environments in which contaminant storage may be affected by 
hydrodynamics. In estuaries, for example, these observations suggest that across a 
transect defined from the subtidal zone to the adjacent saltmarsh surface, a similar 
contaminant concentration may be subject to both a range of potential transport 
mechanisms and variations in ultimate biological availability. At one extreme, in the 
upper intertidal zone or on the banks of saltmarsh creeks, aqueous phase MeHg efflux 
may be suppressed by net demethylation within the vicinity of the sediment-water 
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interface (SWI). Biological transfer of MeHg would thus occur dominantly up the 
food chain through consumption of benthic infauna. At the other extreme, in 
locations such as saltmarsh pannes and pools where ponded water may drive the 
redoxcline to or above the SWI, heightened MeHg efflux from the marsh sediment 
may occur. A significant MeHg flux in the absence of net near-surface demethylation 
potentially generates a distinct aqueous phase biological exposure pathway via 
diffusive transfer. 
Moreover, factors enhancing progressive anoxia in surface sediments, such as an 
increase in labile organic matter input, or increasing surface water temperature may 
result in increased net methylation rates within sediment porewaters. A range of such 
factors, which may include the frequency or extent of algal blooms, the placement of 
aquaculture facilities, and the warming of shallow marine waters, may have important 
implications for MeHg cycling in estuarine and coastal marine sediments. Such isses 
are important to consider as these factors all demonstrate some potential to respond to 
anthropogenic forcing. 
For the Penobscot River estuary, significant questions clearly remain as to the 
volumetric extent of the sediment Hg burden, the magnitude of both particulate and 
dissolved Hg and MeHg fluxes from the estuary, and the extent to which point-source 
pollution within the estuary may be contributing to contamination in Penobscot Bay 
and the Gulf of Maine. Whereas this research has sought to explore mechanisms 
responsible for Hg cycling within a particular reach of this estuary, it was not 
conceived with the aim of cataloging the extent of overall Hg contamination within 
the Penobscot River, Estuary, or Bay nor tasked with proposing strategies for 
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contaminant remediation. Addressing these questions will require broader samplin 
strategies (both temporally and spatially), detailed assessments of potential 
remediation targets (i.e., mass contaminant removal versus ecological risk 
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Table A.l. 2004 Field Data-Short Cores 
Station depth Hg LOl < 63 jitn 
% % 
Frankfort Flats 0-1 1.44 14.5 
12.8 75.9 
11.2 
Frankfort Flats 0-1 1.07 14.9 88.7 
16.1 
Frankfort Flats 0-1 1.68 21.7 84.0 
24.5 
31.0 
Frankfort Flats 0-1 1.28 18.6 97.1 
18.4 
19.5 
Marsh Stream Mouth 0-1 1.65 15.5 97.3 
21.3 
22.6 
Marsh Stream Boat Launch 0-1 0.52 11.8 98.6 
8.7 
8.7 
Bald Hill Cove 0-1 0.09 1.9 17.6 
2.5 
6.2 






































Table A.2. 2005 Field Data from Dialysis Samplers 
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Table A.2.(continued) 2005 Field Data from Dialysis Samplers 
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Table A.3. 2006 Field Data from Dialysis Samplers 
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Table A.3.(continued) 2006 Field Data from Dialysis Samplers 
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Table A.4. Sediment Solid Phase Data 2005-2006 
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Table A.4.(continued) Sediment Solid Phase Data 2005-2006 
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Table A.5. Gamma Count + Sediment MeHg Data 
151 
Table A.5. (continued) Gamma Count + Sediment MeHg Data 
CRS Model 
Whole core Whole core Counted core Counted core Counted core 
Age Date Depth age date 
(yrs) (cm) (yrs) ± 
0.0 2005 0.5 0.0 0.0 2006 
12.3 1993 1.5 12.3 2.0 1994 
29.5 1986 2.5 29.5 20.1 1987 
32.0 1973 3.5 32.0 10.3 1974 
39.7 1965 4.5 39.7 8.9 1966 
52.1 1953 5.5 52.1 17.0 1954 
72.5 1933 6.5 72.5 20.5 1933 
97.6 1907 7.5 97.6 42.1 1908 
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Table A.7. DIFS Model Output 
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Table AJ.(continued) DIFS Model Output 
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Table A.8. 2006 Column Experiment-Porewater and Sediment Data 
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Table A.8.(continued) 2006 Column Experiment-Porewater and Sediment Data 
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Table A.9.(contlnued) PROFILE Output 
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Table A.9.(continued) PROFILE Output 
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Table A.9.(continued) PROFILE Output 
R Hg-rep2 Z R MeHg-rep1 Z R 








































































































































































































































































































Table A.9.(continued) PROFILE Output 
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Table A.9.(continued) PROFILE Output 
MeHg-rep2 Z R 































































































































MeHg-exposed Z R 
























































































































Table A.9.(continued) PROFILE Output 
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Table A.9.(continued) PROFILE Output 
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Table A.9.(contfnued) PROFILE Output 
MeHg-bubbled Z R MeHg-ponded Z R 





























































































































































































































































Table A.9.(continued) PROFILE Output 
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Table A. 10. 2005 Column Experiment-Porewater Data 
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Table A. 10.(continued) 2005 Column Experiment-Porewater Data 
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